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ABSTRACT 
As anthropogenic forests become more common in the tropics, there is a greater need to 
understand the factors that impact forest succession. I used censuses of woody plants in 
successional forests to study the effects of prior land use and tree plantations on species 
composition and richness. First, I tested the hypothesis that communities originating from 
different land uses were converging in species composition over time. I compared species 
composition using the Chao-Jaccard similarity index. I observed shifts in the dominant species 
during the first 30 years of succession, but not convergence of species composition in sites with 
different land-use history. Initial floristics appeared to have a large impact on later successional 
stages. Areas with more intense land use exhibited lower ecosystem resilience. Second, I tested 
the hypothesis that monoculture tree plantations with light management had higher species 
richness and a later-successional species composition than secondary forests of similar ages. To 
describe species composition, I used ordination techniques, classification of species into different 
functional groups, and calculation of several community-weighted functional traits. Species 
richness of woody plants was similar in these two forest types during the second decade of 
succession, but species composition was shifted from early- to mid-successional species in tree 
plantations relative to secondary forests. Tree plantations had a higher community-weighted seed 
mass, and a lower abundance of shrubs and bat-dispersed species than secondary forests. 
However, abundance of mature forest species and community-weighted wood density and leaf 
mass area did not differ between forests types. Third, I asked whether tree plantations and 
secondary forests became more similar over time and whether the rate of change in various 
vegetation characteristics differed between these two forest types. Stem density and basal area of 
tree plantations became more similar to secondary forests over the course of three years. 
However, rates of change in species richness, functional groups, and functional traits did not 
differ between forest types. Species composition was not converging. I concluded that these 
types of tree plantations marginally catalyze the recovery of species composition compared to 
secondary forests. 
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CHAPTER 1 
INTRODUCTION 
 
 Loss of tropical forests threatens a large portion of global biodiversity. High rates of 
deforestation during the previous century have left the tropical forest biome with approximately 
65% forest cover (Wright 2010), of which only half is the original primary forest (ITTO 2002). 
Tropical forest area has continued to decline, although the rate of forest loss across the tropics 
has been decreasing since 1990 (Keenan et al. 2015). As old-growth forest is lost, anthropogenic 
forest types, such as logged forests, secondary forests, and tree plantations, have become more 
common (Wright 2010). There is growing interest in examining whether anthropogenic forests 
contribute to the conservation of tropical forest biodiversity by providing habitat for primary 
forests species (Brockerhoff et al. 2008, Chazdon et al. 2009, Meli et al. 2017).  
Among anthropogenic forest types, secondary forests are the most common in the tropics. 
They grow by natural regeneration following abandonment of agricultural land or forest 
clearcuts. Secondary forests are now estimated to cover 12% of the moist tropical forest biome 
(Wright 2010). The rate of recovery of important forest characteristics, such as diversity and 
forest structure, depends on several factors, including prior land-use intensity (Crouzeilles and 
Curran 2016, Meli et al. 2017) and amount of surrounding forest cover (Crouzeilles et al. 2016). 
Whereas species richness can recover in as little as 30 years (Letcher et al. 2009), under natural 
succession species composition does not return to that of primary forest for more than 100 years 
(Dent et al. 2013, Bechara et al. 2016). Therefore, primary tropical forest is essential for the 
conservation of much of tropical biodiversity (Gibson et al. 2011). Nevertheless, secondary 
forests may offer habitat for some species, in addition to providing ecosystem services and social 
goods (Chazdon and Guariguata 2016). Understanding the impact of different factors on forest 
succession may allow us to predict ecosystem resilience under different circumstances. 
In my dissertation, I examined the impact of two factors, previous land-use intensity and 
tree plantations, on the recovery of tropical forest biodiversity. Ecological resilience is the 
capacity of an ecosystem to absorb disturbance and reorganize itself to retain its structural and 
functional characteristics (Walker et al. 2004). Tropical forests are often more resilient on land 
with a light prior land use than on land subjected to intensive agriculture, such as cattle grazing 
or crop cultivation (Uhl et al. 1988, Mesquita et al. 2001, Jakovac et al. 2015). A decrease of 
forest resilience may be due to loss of the seed bank, loss of remnant vegetation, or altering of 
physical and chemical properties of the soil (Moran et al. 2000, Chazdon 2003, Schlawin and 
Zahawi 2008). In central Amazonia, secondary succession in pastures following heavy grazing 
and prescribed burning, results in very different woody plant communities than succession on 
land abandoned soon after a forest clearcut (Mesquita et al. 2001). Abandoned clearcuts have 
high species richness of natural regeneration and are initially dominated by the genus Cecropia, 
whereas abandoned pastures have low species richness and are initially dominated by the genus 
Vismia.   
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 In Chapter 2, I used twelve years of data from monitoring plots in the Brazilian Amazon 
to determine if species composition of woody plants in abandoned pastures was becoming more 
similar to abandoned clearcuts over time. The temporal extent of differences between these 
alternative successional pathways has not been explored. There is evidence from other tropical 
forests that prior land use can have impacts on species composition for decades (Pascarella et al. 
2000). I used a similarity index to compare species composition of these plots, which span the 
first three decades of succession. I also compared patterns of genus dominance over time and 
demographic rates in these alternative successional pathways.  
In my dissertation, I also investigated the impact that tree plantations have on forest 
succession. Tree plantations are an increasing component of tropical landscapes and account for 
3% of forest cover (Keenan et al. 2015). Many tree plantations in the tropics are intensely 
managed for timber or rubber production and do not directly contribute much towards 
biodiversity conservation, although they may reduce demands for timber from primary forests 
(Brockerhoff et al. 2008). When planted for other purposes, such as carbon sequestration or 
ecosystem restoration, tree plantations undergo lighter management and support successional 
forest communities. Carbon sequestration through reforestation has received attention recently as 
a method of mitigating carbon emissions (Thompson et al. 2014). In several countries, 
government policies favor converting agricultural land to tree plantations over secondary forests 
(Chazdon and Guariguata 2016). In Costa Rica, where I conducted this portion of my research, 
landowners often plant monoculture tree plantations as a restoration method (Piotto et al. 2003, 
Redondo-Brenes 2007). Therefore, it is important to understand to what degree tree plantations 
provide habitat for forest species in relation to other types of forest. Direct comparisons of 
woody plants in tree plantations and secondary forests have focused mostly on abundance and 
diversity, with less attention given to species composition (Powers et al. 1999, Zahawi et al. 
2013). Therefore, in my dissertation, I focused the species composition of woody plants found in 
tree plantations and secondary forests. Studies have shown that tree plantations receive a more 
diverse seed rain than regenerating pastures (Cole et al. 2010), and that grasses, which compete 
with woody plants, are quickly shaded out under planted trees (Gilman et al. 2016). My overall 
hypothesis in Chapters 3, 4, and 5 was that tree plantations shift species composition of natural 
regenerating woody plants towards later-successional species compared to secondary forests.  
 In Chapter 3, I used censuses of forest plots in secondary forests and monoculture tree 
plantations in Costa Rican lowlands to compare diversity and species composition. The tree 
plantations were planted for carbon sequestration and were lightly-managed. I analyzed species 
richness using rarefaction and species composition using ordination. Also, I categorized species 
into regeneration guilds, growth forms and dispersal syndromes to interpret patterns in species 
composition. Finally, I examined the effect of distance from primary forest on diversity and 
composition variables to determine whether landscape context had similar effects on tree 
plantations and secondary forests. 
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In Chapter 4, I resampled the same tree plantation and secondary forest plots three years 
later to compare successional dynamics in secondary forests and tree plantations. I calculated 
rates of changes in stem density, basal area, species richness, regeneration guilds, growth forms, 
and species composition. One of my research questions in this chapter was whether rates of 
change in tree plantations were different from secondary forests. I also asked whether changes 
over time led to convergence between forest types in these characteristics. 
In Chapter 5, I directly measured or collected data from the literature on three important 
functional traits (wood density, leaf mass area, and seed mass) for species sampled in the same 
forest plots in Costa Rica. Functional traits are correlated with plant life history strategies 
(Wright et al. 2010) and are often associated with successional turnover and abiotic filtering 
(Kraft et al. 2008, Lohbeck et al. 2013). I examined whether community-weighted means and 
functional divergence in these traits differed between forest types in order to further elucidate 
differences in species composition. I also examined whether changes over time in functional 
traits differed between tree plantations and secondary forests. By examining traits associated 
with different plant tissues, I was able to examine which tradeoffs were associated with 
differences between secondary forests and tree plantations. 
In Chapter 6, I discuss the implications of my findings for succession ecology and 
tropical forest restoration. 
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 CHAPTER 2  
SHIFTS IN DOMINANCE AND SPECIES ASSEMBLAGES OVER TWO DECADES 
IN ALTERNATIVE SUCCESSIONS IN CENTRAL AMAZONIA* 
 
INTRODUCTION  
Different species assemblages sometimes occur in the same region, under the same 
abiotic conditions. Initial floristic differences may result from stochasticity in species 
colonizations or from differential perturbations of the original community. For example, 
alternative plant communities sometimes develop on adjacent sites exposed to altered fire 
regimes (Williamson et al. 1991, D’Odorico et al. 2006, Hoffman et al. 2009, Martin and 
Kirkman 2009, Odion et al. 2010). Disturbances may also facilitate establishment of invasive 
species, thereby initiating new species assemblies (Knoop and Walker 1985, Bush and Van 
Auken 1989, D’Antonio and Vitousek 1994). Anthropogenic modification of the environment 
associated with introduction of exotics and extirpation of natives frequently engenders new 
species assemblages that develop alternative successional pathways (Lugo 2012). Alternative 
pathways are evident in old field successions, where prior land use influences initial community 
composition (Wong et al. 2010), frequently because recruitment is limited by seed dispersal and 
habitat fragmentation (Suding et al. 2004, Young et al. 2005). 
  Disturbances in the central Amazon Basin produce alternative successional pathways. 
Prior land use leads to strikingly different pioneer assemblages when land is abandoned 
(Mesquita et al. 2001). Most commonly, forest clearcuts are converted to cattle pastures that are 
subsequently abandoned within 6-8 years after they become unproductive (Fearnside 2005). Less 
commonly, land is abandoned immediately after deforestation. Abandoned clearcuts develop a 
canopy dominated by the pioneer genus Cecropia (C. sciadophylla and C. purpurascens), 
characterized by a diverse understory of seedlings and saplings of primary forest species. In 
contrast, abandoned pastures develop nearly monogeneric stands of Vismia (V. cayennensis, V. 
guianensis, and V. japurensis) with poor representation of mature forest species in the seedling 
layer (Uhl et al. 1988, Mesquita et al. 2001, Williamson and Mesquita 2001). The initial 
compositional difference may be explained by grazing and the use of prescribed fires in pastures, 
as Vismia is a prolific resprouter relative to other rain forest trees, most of which are killed by 
fire (Kaufmann 1991). Within a few years after abandonment, clearcuts succeed toward primary 
forest much like regeneration in forest gaps, whereas pastures change more slowly, accumulating 
fewer species (Uhl et al. 1988, Mesquita et al. 2001, Norden et al. 2011).   
____________________________________________ 
*This chapter previously appeared as: Longworth, J. B., R. C. Mesquita, T. V. Bentos, M. P. 
Moreira, P. E. Massoca, and G. B. Williamson. 2014. Shifts in dominance and species 
assemblages over two decades in alternative successions in central Amazonia. Biotropica 
46:529-537. 
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 Here, we use 12 years of vegetation censuses from sites of various ages to determine 
whether species compositions on abandoned clearcuts and abandoned pastures are becoming 
more similar through time and whether the dominant genera are declining. Communities might 
become more similar over time if there is sufficient turnover of individuals and if new recruits 
are less dependent on prior land use than are early colonizers. High stem turnover without 
convergence of the species assemblies may reflect ongoing effects of initial floristics together 
with prevailing site effects such as dispersal limitation or soil differences. In an earlier 
publication, we documented that two stand characteristics, stem density and basal area, tended to 
converge after two decades of succession, but a third trait, species density, diverged over the 
same time period (Williamson et al. 2012). We also previously documented that for the first 
eight years, tree turnover was faster in stands on abandoned clearcuts than in stands on 
abandoned pastures (Norden et al. 2011). These previous studies have not directly compared 
species composition. Now, we direct attention to taxonomic identities to ascertain if species 
assemblies are becoming more similar through time. Given that stem densities and basal areas 
tend to converge, but species richness diverges, species assemblies could be converging toward a 
common composition, or the assemblage from one treatment could converge on the other, or they 
may remain dissimilar through time. 
 
METHODS 
Study site 
This study was conducted 80 km north of Manaus, Brazil (2°30’ S, 60° W), in the 
reserves of the Biological Dynamics of Forest Fragments Project (BDFFP). Average annual 
rainfall in Manaus is 2.2 m, with a mild dry season between July and November (Saytamurty et 
al. 2010). Mean annual temperature is 26°C. The soils are nutrient poor, clay-rich oxisols, 
predominantly red-yellow podzols and yellow latozols (Ranzani 1980). The dominant vegetation 
is dense evergreen terra firme forest. 
 The BDFFP study areas were deforested in the early 1980’s, creating three large farms on 
which fragments of primary forest were retained for further investigation. Maps and land-use 
histories have been previously published (Moreira 2003, Laurance et al. 2011, Norden et al. 
2011). Some portions of the cleared farms were abandoned shortly after deforestation, whereas 
others were converted to pasture, burned annually, grazed, and subsequently abandoned 6-8 
years later. The two different land-use types, abandoned clearcuts versus abandoned pastures 
(Table 2.1), led to different types of forest regeneration; areas subjected to little or no prescribed 
burning or grazing became dominated by the genus Cecropia, about 45 percent of stems after ten 
years, whereas areas burned regularly and grazed were dominated by Vismia, about 70 percent of 
stems after ten years (Mesquita et al. 2001). Most of the region around the BDFFP reserves is 
still primary wet forest. 
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Table 2.1. Summary information for vegetation transects.  Shaded transects were lost to wildfires. 
Location of 
transect 
Land 
use 
Age 
during 
study 
# of 
fires 
Initial 
dimensions 
Final 
dimensions 
Number 
of 
surveys 
Years 
surveyed 
P. Alegre Clearcut 5 2 100 x 6 m 100 x 6 m 1 2000 
P. Alegre Clearcut 5-15 2 100 x 6 m 100 x 6 m 11 2000-2011 
ZF-7 Clearcut 7 1 50 x 6 m 50 x 6 m 1 2002 
ZF-7 Clearcut 9 1 50 x 6 m 50 x 6 m 1 2002 
ZF-7 Clearcut 11-12 1 50 x 6 m 50 x 6 m 2 2002-2003 
Florestal Clearcut 16-27 0 100 x 3 m 100 x 5 m 12 1999-2011 
Florestal Clearcut 16-27 0 100 x 3 m 100 x 5 m 12 1999-2011 
P. Alegre Clearcut 16-27 0 100 x 3 m 100 x 5 m 12 1999-2011 
P. Alegre Clearcut 16-27 0 100 x 3 m 100 x 5 m 12 1999-2011 
Dimona Clearcut 17-28 0 100 x 3 m 100 x 5 m 12 1999-2011 
C. Powell Clearcut 19-28 0 100 x 3 m 100 x 5 m 10 2002-2011 
C. Powell Clearcut 19-28 0 100 x 3 m 100 x 5 m 10 2002-2011 
Dimona Pasture 2-5 9 75 x 5 m 75 x 5 m 4 1999-2003 
Colosso Pasture 4-5 5 100 x 1 m 100 x 1 m 2 1999-2000 
Dimona Pasture 5-16 7 100 x 1 m 100 x 5 m 12 1999-2011 
Dimona Pasture 7-18 5 100 x 1 m 100 x 5 m 12 1999-2011 
Km 17 Pasture 8-13 6 100 x 2.5 m 100 x 2.5 m 6 1999-2005 
Dimona Pasture 9-20 4 100 x 2.5 m 100 x 5 m 12 1999-2011 
Florestal Pasture 9-20 4 100 x 5 m 100 x 5 m 12 1999-2011 
Cabo Frio Pasture 11-22 2 100 x 2 m 100 x 5 m 12 1999-2011 
Cabo Frio Pasture 11-22 2 100 x 2 m 100 x 5 m 12 1999-2011 
Colosso Pasture 11-22 3 100 x 5 m 100 x 5 m 12 1999-2011 
 
Vegetation sampling 
From 1999 to 2003, 22 belt transects were established in secondary forests ranging from 
2 to 19 years since abandonment (Table 2.1). Of the 22 transects, 12 were dominated by 
Cecropia, all of which were abandoned clearcuts, and 10 by Vismia, all of which had been 
converted to pasture for 6 to 8 years. For both Vismia and Cecropia stands, transects were chosen 
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to represent different ages of succession, based on written site history confirmed by remotely 
sensed images (Moreira 2003). Also, the number of prescribed burns after each clearcut was 
determined (Table 2.1). Vegetation was monitored annually through 2011 except for seven 
transects, four dominated by Cecropia and three by Vismia, lost to wildfires 1-6 years after their 
initial censuses. 
Transects were chosen to provide variability in successional ages. As the treatments 
(clearcuts versus pasture conversions) occurred in large blocks on each farm and the three farms 
were separated by about 20 km on an east-west line, there was the potential for spatial 
autocorrelation among treatments. However, transects of both treatments were spread across the 
east-west continuum (Fig. A.1). Generally, the two treatments were highly intermingled, so 
spatial autocorrelations are unlikely (Norden et al. 2011). By our own analysis there were only 
very weak relationships between Chao-Jaccard similarity and distance between sites (similarities 
from the 22 first year surveys of various ages: r
2 
= 0.0008, F1,230 = 0.19, p = 0.66; similarities 
from the 15 surveys of 19-year-old transects: r
2 
= 0.0003, F1,65 = 0.02, p = 0.88). In order to 
capture data on the early years of succession, three transects were established on roadside 
clearcuts between the two easternmost ranches, Porto Alegre and Esteio (Fig. A.1); they were 
sampled initially, but lost to fires after the first or second census. Plots analyzed here were 
identical to those in Williamson et al. (2012). Norden et al. (2011) used the first eight censuses 
on the same plots plus several plots in abandoned manioc and rubber plantations that were 
excluded here and in Williamson et al. (2012).   
In most cases, transects were 100 m long, but four were shorter, either 50 or 75 m as a 
result of stand shape. Initially transect widths ranged from 1 to 6 m such that older transects with 
fewer stems were wider. In 2008, the width of all transects whose areas were less than 500 m
2
 
were expanded to make each transect 500 m
2
 (Table 2.1).  
At each annual census, the diameter at breast height (dbh) and taxonomic identity of each 
stem in a transect were determined. For analysis here, only stems ≥3 cm were used. As plots had 
been clearcut and/or burned, recruitment included some individuals with multiple stems 
originating at the base or root crown of killed stems. Vismia species are known to resprout 
prolifically from lateral roots after death of the main stem (Williamson and Mesquita 2001). 
Stems that were separated by at least 10 cm were treated as separate individuals, whereas those 
separated by less than 10 cm were considered multi-stemmed individuals. For multi-stemmed 
individuals, dbh of each stem was recorded and basal areas combined. Nearly all individuals 
were identified to species or morphotyped to genus, although a few were morphotyped only to 
family.   
Censuses were conducted once a year, in the dry season of the first two years (August of 
1999 and 2000), and subsequently in the rainy season between February and April of years 2002-
2011. Thus, the interval between censuses was roughly one year except the 2000-2002 interval 
which was a year and half. For analyses here, we treated each census interval as one year. At 
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each census, new individuals that recruited into the appropriate size class for each transect were 
identified and measured, and remaining individuals were re-measured.   
Similarity 
To measure similarity in species composition, we calculated the Chao-Jaccard similarity 
index, for each pair of transects of the same age. This index, calculated with the EstimateS 
software package, estimates the similarity of two samples based on abundances, in our case using 
number of stems not individuals, and corrects for unseen species (Chao et al. 2005). Transect 
pairs were grouped by treatment—pastures or clearcuts—and the pairwise mean was determined 
for each treatment-age transect combination. Mean similarities were produced for ages 10-22 
years after abandonment of pastures and ages 10-28 years after abandonment of clearcuts. The 
period from five to nine years was treated as a single age, seven years, because there were few 
comparisons for that period.  
Mean similarity for pairs of abandoned clearcut sites (C-C), for pairs of abandoned 
pasture sites (P-P) and for pairs of clearcut sites and pasture sites (C-P), together reveal whether 
sites with the same land-use history were more similar than sites with different histories at each 
age. Linear regressions, or exponential regressions when appropriate, were used to determine the 
effect of age on mean similarity for each comparison type (C-C, P-P and C-P) – namely, how 
similarity changed through successional age. In addition a nonmetric multidimensional scaling of 
all years on one plot was constructed using the Chao-Jaccard similarities. 
 To provide more detailed composition information for 20-year-old transects, the Chao-
Jaccard index was compared by land use (C-C, P-P, C-P) for two different size classes: large 
trees (≥10 cm dbh) and small trees (3-10 cm dbh). Likewise, similarities were calculated for the 
cohort of trees recruited (growing into the ≥3 cm dbh class) during the interval of 17-22 years, 
for a corresponding comparison to the two stem size classes at 20 years. (Recruitment in the 
single year, age 20, was too small to be meaningful, so the interval 17-22 was employed). These 
three groups potentially represent the future successional stages (Van Breugel et al. 2007), 
therein allowing a preview of how similarities would change in the coming years for different 
land uses. A single-factor ANOVA with Tukey pairwise comparisons was used to examine the 
impact of land use (C-C, P-P, C-P) on similarity separately for each stage class. Likewise, the 
similarity of the overstory (stems ≥10 cm) to the understory (stems <10 cm) was compared at 20 
years to project possible future changes in composition for both land-use histories.   
Dominance 
Three analyses of dominance were performed. First, the proportions of basal area and of 
stems of the initial dominant genera, Cecropia in clearcuts and Vismia in pastures, were 
calculated each year for each transect and then averaged for all transects of each land use at each 
age. The proportion of basal area was also calculated for the genus Bellucia in both land uses 
since it was noted as a later dominant. To statistically test the trend in dominance through time, 
an ANCOVA was performed on the arcsine-square-root transformed proportions with age as the 
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covariate and land-use history as the independent variable. To determine whether there was a 
difference in the rate of decline of the dominant species, the significance of the interaction term 
of stand type with age (age*stand) in the model was tested. Only if the interaction term was not 
significant was the effect of stand type term (stand) on dominance examined. The ANCOVA was 
performed on a chronosequence, which ranged from 5 to 22 years for both land uses, included 
only the fourth year of each clearcut transect and the final year of each pasture transect. Different 
years were used because abandoned pastures were younger than abandoned clearcuts, as both 
were deforested in the same year. The chronosequence was used instead of every year for every 
transect to avoid inflating the degrees of freedom through repeated measures. Second, to view 
the change in the dominant pioneer populations over time, the size class distributions (3-5 cm, 5-
10 cm, 10-15 cm,15-20 cm, >20 cm) were constructed separately for Cecropia from abandoned 
clearcuts and for Vismia from abandoned pastures with data from all transects at two times, 9 
years and 22 years. Average size class distributions by proportion of stems in each size class 
were created for four categories:  9-year-old pastures, 9-year-old clearcuts, 22-year-old pastures, 
22-year-old clearcuts. Third, we examined newly dominant species 20 years after abandonment 
for transects that were at least that old or at the most recent survey for those not yet 20 years old. 
Newly dominant species means those species besides Vismia for abandoned pastures and 
Cecropia for abandoned clearcuts, which were most dominant by proportion of basal area in 
each transect. 
Turnover rates 
Stem gain (recruitment) and stem loss (mortality) were calculated as the percent of stems 
lost or gained per year in each transect for all species combined. As sample sizes were limited, 
recruitment and mortality were aggregated separately for three time periods: 3-9, 10-16 and 17-
22 years. Average rates per transect in clearcuts versus pastures were compared with t-tests for 
the 17-22 year period, which had similar sample sizes (nPastures = 6, nClearcuts = 7) and with the non-
parametric Mann-Whitney tests for the 10-16 year period, which had unequal replication (nPastures 
= 8, nClearcuts = 2). Recruitment and mortality at 3-9 years were not compared as we only had a 
sample of one transect for clearcuts. In addition, recruitment and mortality of the initially 
dominant genera from each site, Cecropia or Vismia, were compared for the 17-22 year period. 
 
RESULTS  
Similarity 
The mean Chao-Jaccard similarity of seven-year-old transects was higher in abandoned 
pasture (0.62 ± 0.04) than in clearcut sites (0.40 ± 0.02; Fig. 2.1). Furthermore, abandoned 
clearcuts and pastures were very different from each other (0.25 ± 0.02; Fig. 2.1). Then, through 
time all of the similarities decrease, and at 22 years pasture sites remain more similar to other 
pasture sites (0.40 ± 0.06) than to clearcut sites (0.15 ± 0.01). Clearcuts sites are also still more 
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similar to each other (0.20 ± 0.01) than to pasture sites. An NMDS ordination of these similarity 
values reflects these trends (Fig. A.2).  
 
 
Figure 2.1. Successional change in the mean Chao-Jaccard similarity index for abandoned 
clearcuts (C-C) with each other, abandoned pastures (P-P) with each other and clearcuts 
with pastures (C-P). 
  
Land-use history also had a significant effect on Chao-Jaccard similarity when size 
classes were examined separately in 20-year-old transects (Table A.1 contains statistical tests). 
Pasture sites (P-P) were the most similar to each other in both the largest size class of stems ≥10 
cm dbh and in the 3-10 cm dbh size class (Fig. 2.2A). Clearcut sites (C-C) were more similar 
than pastures and clearcuts (C-P) in the 3-10 cm dbh size class but not in the ≥10 cm dbh. For 
individuals recruited between 17 and 22 years there was also an effect of land use. While the 
similarity in pastures (P-P) and clearcuts (C-C) was not significantly different, these recruits 
were significantly more similar in sites of the same land-use history (C-C and P-P) than in sites 
with different a land-use history (C-P). Furthermore, the similarities tended to decline from stem 
class ≥10 cm to stem class 3-10 cm to new recruits, indicating that transects of a given 
comparison (C-C, P-P or C-P) became more dissimilar through time.   
Also, possibly reflecting the future was the overstory-understory comparison. In 20-year-
old transects, the understory was more similar to the canopy in abandoned pastures than in 
abandoned clearcuts (t5 = 4.17, p = 0.009; Fig. 2.2B).  
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Figure 2.2. Chao-Jaccard similarities based on different size classes. A) Mean (± SE) Chao-
Jaccard similarity index weighted by number of stems in 20-year-old transect treatments of 
abandoned pastures only (P-P), abandoned clearcuts only (C-C) and both pastures and 
clearcuts (C-P). Different letters indicate significant differences within size classes (p <0.05). 
Differences among size classes were not tested. Table A.1 shows statistical results. B) Mean 
(± SE) Chao-Jaccard similarity index weighted by number of stems and comparing the 
species composition of the overstory (stems ≥10 cm) to the species composition of the 
understory (stems 3-10 cm) at each 20-year-old transect of two land-use histories. 
 
Dominance 
All young transects were dominated by either Cecropia or Vismia species. Twenty years 
after abandonment the single most dominant species, excluding the dominant pioneer genus, 
varied among seven different species and genera in the eight clearcut transects but among only 
three different species and two genera in the seven pasture transects (Table 2.2). At this age, 
more pasture transects were still dominated by Vismia (six of seven) than clearcut transects were 
dominated by Cecropia (three of eight). 
Dominance by Cecropia and Vismia decreased during the first three decades of 
succession (Fig. 2.3). The chronosequence data (not shown) revealed that the proportion of basal 
area of Cecropia in clearcuts decreased more rapidly than the proportion of basal area of Vismia 
in pastures (ANCOVA: age*stand, F1,18 = 4.77, p = 0.042). In terms of proportions of stems (Fig. 
2.3B), the rate of decline in dominance was the same in both pioneers (age*stand, F1,18 = 1.27, p 
= 0.27) despite Cecropia being less dominant overall (stand, F1,18 = 27.12, p <0.001). Bellucia 
dominance increased in pastures (25% of basal area by 22 years) but remained low in clearcuts 
(3% of basal area at 22 years). 
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Table 2.2.   Dominant species by proportion of basal area at 20 years or in the most recent survey 
(2011), excluding the initially dominant genera (Cecropia or Vismia).  Shaded transects are those 
in which the species listed is more dominant than all of the Cecropia or Vismia species 
combined.  Note that a Vismia or Cecropia species can be the dominant after excluding Cecropia 
spp. from clearcut transects (transect 23) and Vismia spp. from pasture transects (transect 4), 
respectively.  This table does not include the seven transects lost to fire. 
Transect 
number 
Land 
Use Age 
Dominant species other 
than Cecropia or Vismia 
Proportion 
of basal area 
Cecropia or Vismia 
proportion of basal 
area 
6 Clearcut 20 Simarouba  amara 0.16 0.15 
7 Clearcut 20 
Pourouma  tomentosa  
subsp. apiculata 
0.15 0.06 
12 Clearcut 20 Byrsonima  duckeana 0.10 0.42 
13 Clearcut 20 Guatteria  olivacea 0.14 0.32 
17 Clearcut 20 Croton  lanjouwensis 0.09 0.33 
21 Clearcut 15 Inga  thibaudiana 0.13 0.01 
22 Clearcut 20 Croton  lanjouwensis 0.25 0.06 
23 Clearcut 20 Vismia  cayennensis 0.20 0.05 
1 Pasture 20 Bellucia   imperialis 0.24 0.39 
3 Pasture 20 Bellucia   imperialis 0.18 0.41 
4 Pasture 20 Cecropia   sciadophylla 0.20 0.32 
5 Pasture 20 Bellucia   grossularioides 0.21 0.27 
14 Pasture 16 Bellucia   imperialis 0.20 0.51 
15 Pasture 20 Bellucia   imperialis 0.49 0.36 
16 Pasture 18 Bellucia   imperialis 0.06 0.70 
 
The size class distributions of the dominant genera showed that Cecropia in clearcut 
transects had a greater proportion of large individuals (≥10 cm dbh) than Vismia in pasture 
transects at both 9 and 22 years (Fig. 2.4). Also, the aging of the Cecropia population, which had 
no small individuals (<10 cm dbh) at 22 years, occurred much more rapidly than the Vismia 
population, which was still about 50 percent small individuals at 22 years.   
Turnover rates 
Recruitment was not significantly different between clearcut and pasture transects from 
10 to 16 years (Mann-Whitney U = 7, p = 0.44; Fig 2.5A) or from 17 to 22 years (t11 = 0.266, p = 
0.397). Mortality in clearcuts was significantly higher than in pasture transects from 10 to 16 
years (Mann-Whitney U = 1, p = 0.044; Fig. 2.5B), but from 17 to 22 years mortality was 
significantly lower in clearcut transects (t11 = 3.97, p = 0.002). From three to nine years turnover 
rates were not compared statistically because n = 1 for clearcuts; however, recruitment visually 
appeared to be much higher in pastures and mortality was higher in clearcuts. 
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Figure 2.3. Mean (± SE) proportion of basal area (A) and stems (B) comprised by the 
dominant genera of plants in abandoned clearcuts (Cecropia) and abandoned pastures 
(Vismia) during the first three decades of succession. (A) includes the proportion of basal 
area of the genera Bellucia for both types of land use. 
 
There was no recruitment of Cecropia stems in clearcuts and very low recruitment of 
Vismia stems in pastures (0.375 stems / 500 m
2 
/ year; not shown) during the ages 17 to 22 years. 
Percent mortality was not significantly different for Cecropia stems in clearcuts and Vismia 
stems in pastures (Cecropia = 0.12, Vismia = 0.10, t11 = 0.497, p = 0.63; not shown). 
 
DISCUSSION 
The purpose of this study was to determine whether species composition of two 
successional pathways became more similar over time. Turnover in dominant species and 
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turnover in stems in the pathways were compared to explain the trends in similarity over time. 
Also, similarity of the smallest size classes was examined separately to predict whether the 
pathways would converge in the future.  
 
 
Figure 2.4. Size class distributions of stem diameters in secondary forests on abandoned 
pastures (Vismia) and abandoned clearcuts (Cecropia) at 9 years (dotted lines) and at 22 
years (solid lines). Multiple transects for 9-year clearcuts (n = 2), 22-year clearcuts (n = 5), 9-
year pastures (n = 5) and 22-year pastures (n = 3) were used to find the average proportion of 
stems in five size classes (± SE). Curves were smoothed from the five size class data points. 
 
Are the two successional pathways converging on one another, maintaining differences or 
diverging? Convergence might occur if the C-P similarity increased through time until it was no 
longer significantly lower than either C-C or P-P similarities. Alternatively, both C-C and P-P 
could decrease until reaching the similarity level of C-P. Neither condition occurred during the 
time period of our study, in which we saw all three of these similarities decrease, with P-P 
decreasing more rapidly than the other two. The decrease of P-P, C-C and C-P indicated that 
sites with the same history were diverging in composition but not becoming more similar to sites 
with different histories. This trend suggests that although the earliest pioneer assemblages were 
generally dominated by a small set of species characteristic of abandoned clearcuts or abandoned 
pastures, through time secondary forest compositions became more varied, as in other tropical 
wet forest successions (Van Breugel et al. 2007, Dent et al. 2013). However, the diversity 
accumulation was sufficiently different in pastures and clearcuts to preclude an increase in 
similarity between them (C-P). In prior research, abandoned clearcuts were shown to increase in 
diversity substantially faster than in abandoned pastures (Williamson et al. 2012). If the 
composition of these two secondary forest types were eventually to converge, abandoned  
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Figure 2.5. Turnover rates of all species of stems ≥3 cm dbh in secondary forest transects of 
different land-use histories and at different ages. A) Average annual percentage recruitment 
(stems gained) for the periods 3-9, 10-16, and 17-22 years after abandonment in abandoned 
pastures and abandoned clearcuts. B) Average annual percentage mortality (stems lost) 
during the same periods. Error bars are ± SE and the numbers of transects are n = 5 (pastures 
3-9), n = 1 (clearcuts 3-9), n = 8 (pastures 10-16), n = 2 (clearcuts 10-16), n = 6 (pastures 17-
22) and n = 7 (clearcuts 17-22). Statistical results for comparisons within age groups are 
shown. 
 
pastures would have to become as heterogeneous as clearcuts, but prior review revealed 
divergence, not convergence, in species richness through time (Williamson et al. 2012). 
Divergence across sites as species richness increases during succession is typical of diverse 
communities like Amazon tree assemblages in contrast to less diverse ecosystems where 
succession exhibits convergence of sites on a climax assemblage (Walker et al. 2010).   
Our analysis revealed differences in dominance along alternative successional pathways. 
Both Vismia and Cecropia dominance decreased with age in abandoned pastures and clearcuts, 
respectively, but Cecropia declined more rapidly (Fig. 2.3). This result was consistent with more 
rapid species turnover evident previously in young abandoned clearcuts (Norden et al. 2011). 
Higher dominance by Vismia was likely the result of greater initial dominance and greater life 
span. The size class distributions (Fig. 2.4) reflected the much slower growth of individuals and 
lower mortality of Vismia relative to Cecropia. For Cecropia, rapid growth and senescence may 
have caused the higher mortality in clearcuts during the first 16 years (Fig. 2.5). As Cecropia 
was replaced by saplings of mature forest species after 16 years, the trend was reversed as 
mortality in clearcuts decreased relative to pastures. Also, the higher stem mortality during the 
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first 16 years of succession likely contributed to greater turnover of species in clearcuts. Thus, 
asymmetric competition and the subsequent thinning of dominants drive secondary succession 
and species turnover (Van Breugel et al. 2006). 
Will Vismia transects eventually become more dissimilar in species composition? The 
paucity of new Vismia recruits in the oldest transects portends a declining population and 
subsequent replacement in plant succession. However, the current Vismia replacement in our 
older transects is consistently the same species, Bellucia imperialis, thereby maintaining the high 
P-P similarity values relative to C-C at 22 years. Therefore, compositional difference between 
clearcuts and pastures are likely to persist at least until Bellucia loses dominance. 
In secondary forests, smaller stems should forecast subsequent successional trajectories. 
In our 20-year-old forests, none of the size classes showed convergence of abandoned pastures 
on abandoned clearcuts or vice versa, supporting the conclusion that the difference in 
composition extended beyond the early dominants. However, smaller size classes were less 
similar to one another, with recruits in pastures as dissimilar as recruits in abandoned clearcuts 
(Fig. 2.2A). Despite these decreases in similarity within treatments, the recruits were still more 
dissimilar between treatments than within them (Fig. 2.2A). Apparently, following the initially 
dominant pioneers, new species contribute to assemblage differences based on land-use history, 
perhaps through niche specialization or dispersal. The initial difference in canopy dominants 
could produce niche differences in light and water availability in the understory or differences in 
seed rain from attraction of different dispersal agents. Recently Jakovac et al. (2012) did find 
differences in light transmitted through Vismia and Cecropia canopies as a function of stand age. 
However, Wieland et al. (2011) found that seed rain in both abandoned clearcuts and pastures 
was limited to secondary species already present. Therefore, seed enrichment early in succession 
might offer a restoration practice to alter the trajectory of the pasture succession, perhaps even 
shifting it to the clearcut successional pathway. 
 The two pathways may remain distinct indefinitely if there are underlying abiotic 
differences such as soil properties or climate. Although elsewhere cattle pastures are known to 
engender changes in soil properties, particularly through nutrient losses, a decline in organic 
matter and increase in soil compaction (Abril and Bucher 1999, Pereira et al. 2001, Álvarez-
Yépiz et al. 2008), extensive efforts to find soil differences underlying the Cecropia and Vismia 
dominated successions have been largely unsuccessful. Gomes and Luizao (2011) tested for a 
dozen common soil properties and found only one difference, the C:N ratio in abandoned 
pastures was about 10% higher than in abandoned clearcuts. They also found only one difference 
in 36 tests for cation differences, a case where one of three samples of Mg under Bellucia trees 
was 19% higher in pasture soils than in non-pasture soils. Cation differences related to past 
prescribed burning and land-use history occasionally appear in other Amazonian studies but 
inconsistently across studies (Uhl 1987, Buschbacher et al. 1988, Feldpausch et al. 2004, 2007, 
Gomes and Luizao 2011). Declines in N with prescribed burning have been documented in the 
eastern and central Amazon, but the differences were minor relative to differences in vegetation 
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composition and biomass (Buschbacher et al. 1988, Feldpausch 2007). In two studies, soil N was 
low immediately following pasture abandonment, but often not lower than in the primary forest 
and it then accumulated quickly in the early years (0-14) of succession (Uhl 1987, Feldpausch et 
al. 2004). Overall, these studies do not present a strong case for soil properties explaining the 
vegetation differences between the alternative successional pathways derived from pastures and 
clearcuts. 
The potential of anthropogenic activities to generate novel communities has been 
highlighted recently (Lugo 2012). Vismia-dominated secondary forests fit the category of a 
human-induced, transient, species assemblage. Prescribed burning and grazing produce this 
alternative community by reducing the seed bank and advance regeneration, while favoring 
Vismia, a genus that is pre-adapted to fire relative to other species. Grazing may have a similar 
effect on regeneration as fire, however the relative impact of these two factors in the area is not 
known. Not only do abandoned pastures differ in species composition from abandoned clearcuts, 
but they also have a higher stem density, lower basal area, lower tree diversity (Williamson et al. 
2012) and lower species turnover (Norden et al. 2011) than secondary forests growing in 
abandoned clearcuts.   
The results reported here provide evidence for persistence of alternative secondary 
successions in the central Amazon. The initial floristic differences are maintained in some degree 
through several decades. Apparently, prescribed burning and grazing of pastures has fostered a 
new pathway that has yet to converge onto a more rapid pathway of forest succession; thus, the 
abandonment of prescribed burning leaves a legacy which is not readily extinguished.  
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CHAPTER 3 
COMPOSITION AND DIVERSITY OF WOODY PLANTS IN TREE PLANTATIONS 
VERSUS SECONDARY FORESTS IN COSTA RICAN LOWLANDS 
 
INTRODUCTION 
As tree plantations and secondary forests are increasingly used for carbon sequestration 
in the tropics, their potential for conserving biodiversity should be examined. Planted forests 
already comprise 3.3% of all tropical forested area (Keenan et al. 2015), and secondary forests 
cover approximately 11.8% of tropical land area (Wright 2010). Both types of forest continue to 
expand due to several economic and social drivers, including for carbon sequestration (Bonner et 
al. 2013, Chazdon et al. 2016). For example, the Costa Rican government, as part of a UN 
program (REDD+) for mitigating carbon emissions, has proposed reforestation of 124,000 ha 
with natural regeneration and 72,000 ha with tree plantations–a total which is equivalent to a 
7.3% increase in forest cover area (GOCR 2013). These types of projects provide an opportunity 
to restore native forest ecosystems in addition to carbon sequestration (Alexander et al. 2011). 
Governments, land managers and restoration practitioners need information on the relative 
biodiversity value of tree plantations and secondary forests to guide these efforts. 
Studies that compare biodiversity of tree plantations to secondary forests at the same sites 
are scarce (Meli et al. 2017); however, recovery rates of plant diversity and composition in 
tropical secondary forests are generally understood (Chazdon et al. 2007). Under ideal 
conditions, abundance and species diversity in secondary forests reach levels similar to mature 
forest within a few decades of succession (Saldarriaga et al. 1988, Brown and Lugo 1990, 
Chazdon et al. 2009, Poorter et al. 2016). Species composition takes longer to recover because 
pioneer tree species (short- or long-lived) often remain dominant for several decades after 
establishment (Finegan 1996, Guariguata and Ostertag 2001). Shade-tolerant tree species 
characteristic of mature forest do not dominate the canopy until many decades have passed 
(Peña-Claros 2003, Norden et al. 2009). However, intense past land use (Mesquita et al. 2001, 
Laliberté et al. 2010, Jakovac et al. 2015) and lack of forest in the surrounding landscape (Holl 
1999, Crouzeilles et al. 2016, Goosem et al. 2016) can greatly reduce recovery rate of diversity 
and species composition.  
Ability of tree plantations grown for carbon sequestration to support native plant species 
depends on management practices. Diversity of native flora found in tree plantations is generally 
larger than in other agricultural uses, but lower than in primary forests (Felton et al. 2010, 
Bremer and Farley 2010), and depends on intensity of plantation use (Newbold et al. 2015). 
Industrial tree plantations with exotic species, short-rotation periods and frequent understory 
clearing sustain a low diversity of native plants, as diversity tends to be larger in native than 
exotic plantations (Proença et al. 2010, Bremer and Farley 2010) and tends to increase as 
plantations age (Brockerhoff et al. 2003). However, tree plantations used for forest restoration, in 
which natural regeneration is allowed, can support a high diversity of forest species (Lugo 1992, 
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Powers et al. 1997). In Costa Rica, it has been reported that between 15 and 38% of tree 
plantations are planted only for restoration purposes (Piotto et al. 2003, Redondo-Brenes 2007). 
Restoration plantations can even be used to catalyze recovery of plant abundance and diversity 
on land where succession has been impeded by intense previous land use or lack of seed sources 
(Parrota 1995, Butler et al. 2008).  
Comparisons of natural regeneration in secondary forests and tree plantations are needed 
at sites with similar land-use histories and environmental conditions. Most direct comparisons of 
these forest types have studied purely restoration plantations at sites less than ten years old and 
have focused on abundance and diversity (Guariguata et al. 1995, Parrota 1995, Bone et al. 1997, 
Powers et al. 1997, Zahawi et al. 2013), although recent studies have also evaluated species 
composition (Gilman et al. 2016, Holl et al. 2017). Greater attention to species composition is 
warranted, since rapid development of a dense canopy in tree plantations compared to secondary 
forests may alter types and abundances of seed dispersers (Zamora and Montagnini 2007), light 
availability and microclimate (Holl 1999, Bizuti et al. 2016) relative to open pastures in which 
secondary growth typically originates. In addition, the relative effect that proximity to seed 
sources has on natural regeneration in secondary forests and tree plantations is largely 
unexplored (Chazdon 2008, Holl et al. 2017). This information is critical for adapting 
management approaches to landscapes of differing levels of forest cover. 
We conducted censuses of twenty secondary forest and tree plantation plots in a tropical 
forest landscape to compare composition and diversity of woody plants. These forests were 8-21 
years old and shared a similar land-use history (cattle pastures >30 years). Tree plantations were 
grown for carbon sequestration, were of two different native species (Hieronyma alchorneoides 
[Phyllanthaceae] and Vochysia guatemalensis [Vochysiaceae]) and had management practices 
intermediate between typical timber production and pure restoration. Species found naturally 
regenerating were categorized by dispersal mode, growth form and regeneration guild. Distance 
from primary forest was measured to account for landscape effects on regeneration. Since tree 
plantations can catalyze succession following intense land use and in fragmented landscapes 
(conditions found in this study) we made the following predictions: 1) tree plantations would 
have fewer early-successional species, like short-lived pioneers and wind-dispersed plants, than 
secondary forests; 2) tree plantations would have more late-successional species, like shade-
tolerant species and mammal-dispersed plants, than secondary forests; 3) species richness would 
be greater in tree plantations than in secondary forests; 4) distance from primary forest would 
have a greater effect on composition and diversity of secondary forests than tree plantations. 
 
METHODS  
Study area 
This study was carried out at Universidad Earth, Pocora, Limón Province in north-east 
Costa Rica (10°13’9”N, 83°35’29”W, 30-100 m asl). The natural vegetation is categorized as 
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tropical moist forest (sensu Holdridge et al. 1975). Average annual temperature and precipitation 
are 26 °C and 3500 mm, respectively. Underlying geology of the area is composed of quaternary 
sedimentary and volcanic rocks (Castillo-Muñoz 1983) with poorly drained alluvial soils on flat 
relief (Vázquez-Morera 1983).  
 University land contains a 605-ha forest reserve of selectively logged primary forest, tree 
plantations (400 ha), secondary forest, and various agricultural uses, most predominantly 
pastures and banana plantations (Fig. 3.1). Study sites were on land used as cattle pasture for at 
least 30 years and much longer in some areas. When cattle-grazing operations ceased in 1993, 
some portions of these pastures were abandoned and grew into secondary forests, whereas others 
were converted to tree plantations for carbon sequestration and timber production. Site histories 
were determined from aerial photos (1960, 1971, 1992, 1998, 2002) and interviews with 
employees of the university. 
Study plots 
Twenty 30 x 30 m plots were established and sampled between May 2013 and October 
2014 in tree plantation and secondary forest sites (Fig. 3.1). Vochysia guatemalensis and 
Hieronyma alchorneoides plantations were chosen for this study because they are native species 
commonly planted in the region in small to medium scale plantations (Piotto et al. 2003). Eight 
plots were established in H. alchorneoides plantations, five in V. guatemalensis plantations and 
seven in secondary forests. Tree plantations were selected if they were monocultures planted for 
carbon fixation and were undisturbed since five years after planting. We selected secondary 
forest plots across the landscape that matched the age range and distribution of selected tree 
plantations. Plots were placed centrally within each site to avoid edge effects (>10 m from 
edges).  
Secondary forests ranged in age from 11.5 to 21 years old and ranged in size between 5.0 
and 20.5 ha. Selected plantations ranged in age from 8 to 15.5 years old and ranged in size from 
0.54 to 4.8 ha. Since secondary forest sites were four years older on average than the tree 
plantations, we sampled half of the tree plantation plots again in June 2016, three years after the 
initial census in 2013. We observed statistically significant changes in stem density, basal area 
and some compositional variables, but not in diversity. However, none of the results in this study 
changed when using data from the second census instead of the first for tree plantations. 
Therefore, in the subsequent analysis, only data from the initial census were used, to maximize 
sample size.  
The purpose of these plantations was primarily carbon fixation and they were managed 
using practices intermediate between typical timber plantations and pure restoration plantings. In 
general, tree plantations were of a single species, either V. guatemalensis or H. alchorneoides 
with occasional other species interspersed (83-100% of one species). Plantations typically were 
planted with 3 x 3 m spacing. One thinning of planted individuals occurred between three and 
five years, although not all sites were thinned. As a result, planted tree density at the time of this  
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Figure 3.1.  Map of plots at Universidad Earth in Pocora, Limón in the Caribbean lowlands 
of Costa Rica. The dotted line represents boundaries of the university campus. The forested 
areas marked inside and outside of the university campus are surrounded by banana 
plantations, pastures, tree plantations and young secondary forest (<20 years). Each symbol 
represents a 30 x 30 m forest plot. 
 
study ranged between 200-755 trees/ha
-1
. Understory regeneration was cleared with machetes in 
tree plantations up to five years following planting. Thinning of planted trees and clearing of 
understory are management techniques implemented by foresters to maximize growth of planted 
trees. After five years, natural regeneration in these plantations was not disturbed.  
Data collection 
In each plot, all woody stems ≥2 cm dbh (diameter at breast height) were measured and 
identified to species between May 2013 and October 2014 with help from an experienced field 
assistant who identified species in the field as well as from vouchers. When identification to 
species was not possible, genus or morphotype was used. Lianas and palms were rare and not 
included when they occurred.  
Species were classified according to demographic and morphological criteria. According 
to maximum adult height, species were classified into two growth forms: understory species (<15 
m) and canopy species (>15 m). Each species was also classified by regeneration guild (short-
lived pioneer, long-lived pioneer, or shade-tolerant), and by dispersal agent (wind, ballistic, bat, 
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bat and bird, bird, bird and mammal [non-bat], or mammal [non-bat]). Information on maximum 
adult height and dispersal agent were obtained from the Digital Flora database at La Selva 
Biological Station (Castro 2013). Regeneration guilds for Costa Rican tree species have been 
subjectively assigned based on observations by experienced forest ecologists and made available 
by the national forest resources agency (SIREFOR 2010). These classifications match those used 
by other ecologists (Finegan and Delgado 2000). Species classifications are shown in Table B.1. 
 Distance from the edge of each plot to the nearest primary forest, secondary forest, tree 
plantations and riparian forest was measured using plot coordinates and hand-digitized forest 
areas from 2011 satellite imagery, and subsequently ground-truthed. We included forested areas 
outside university lands when taking these measurements. Distances to other forest types besides 
primary forest were not used in the analysis because they did not add explanatory power beyond 
the effect of distance from primary forest. However, distance from primary forest was 
understood to integrate the effects of other forest types, since amount of general forest cover 
tended to be lower in areas farther from primary forest.  
Two environmental factors were measured to determine if there was any systematic bias 
in the type of site selected by land managers for tree plantations or secondary forests. First, 
percent slope of each plot was measured along the steepest edge of the plot using a clinometer. 
Second, soil texture was measured by using a basic sedimentation technique. Nine topsoil 
samples (0-20 cm) were collected at evenly-spaced points in each plot. Samples were mixed 
together for each site, air dried, sieved, placed in 0.5 L uniform jars with 15 g of detergent and 
300 mL of distilled water and shaken for 10 minutes to disperse soil aggregates. Following 
shaking, height of sedimentation in the jar (two subsamples per site) was observed at uniform 
intervals as relative measures of the amount of sand, silt and clay, respectively. This 
measurement is understood to be only a rough estimate of soil particle size distribution. 
We characterized vegetation structure of each plot with several metrics. Stem density and 
basal area were calculated for both all individuals and only natural regeneration (planted 
individuals excluded). Canopy height was measured at six evenly-spaced points within each plot 
and averaged. Canopy openness was measured as the percentage of light passing through the 
canopy. Light (photosynthetic photon flux density, umol m
-2
 s
-1
) was measured at a height of 4 m 
using a light meter composed of 10 separate quantum sensors spaced over a 50 cm line (MQ-
301, Apogee, Logan, UT, USA), and simultaneously in a nearby clearing. Canopy openness in 
each plot was then calculated as percent of the reference light measurement, averaged across the 
nine points. 
Data analysis 
Planted trees were excluded from all diversity and composition analyses. To examine 
species composition of natural regeneration, a nonmetric multidimensional scaling (NMDS) 
ordination was performed based on the abundance-based Bray-Curtis similarity index. 
Abundance data were ln (x+1) transformed to reduce influence of the most abundant species. 
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‘MetaMDS’ function in the R package ‘vegan’ was used for ordination with automatic 
transformation disabled (Oksanen et al. 2015). Species scores were produced as weighted 
averages of the plots. We used the permutation test adonis within vegan to test for significant 
effects of forest type, distance to primary forest and their interaction on species composition. 
Since this permutation test confounds dispersion effects with location effects, we also tested for 
homogeneity of dispersion across forest types with the betadisper test in ‘vegan’. 
Multiple regression with model selection was used to evaluate the effects of forest type 
and distance from primary forest on twelve dependent variables describing natural regeneration. 
Each of the dependent variables described below was regressed against forest type (H. 
alchorneoides plantation, V. guatemalensis plantation, or secondary forest), distance to primary 
forest, and the interaction between the two variables. Dummy variables were used to represent 
forest type in the multiple regression. All possible models were considered and the best was 
selected based on the AICc criteria, a small sample corrected version of AIC (Burnham and 
Anderson 2002). Model selection was performed using the R package ‘MuMIn’ version 1.15.6 
(Barton 2016).  
The twelve dependent variables were rarefied species richness and abundances of eleven 
ecological categories. Rarefied species richness for each plot was the number of species at 70 
individuals (lowest number found in any plot) estimated using rarefaction. This measure of 
species richness is independent of sample size. Abundances of different ecological categories for 
each plot were also calculated: understory species, canopy species, short-lived pioneers, long-
lived pioneers, shade-tolerant, and the seven dispersal categories. Ballistic dispersal was not 
analyzed further as it was infrequently found at our sites.  
Influential observations, variance inflation, homogeneity of variance, and normality of 
the residuals were examined for full and reduced models. Abundances of bat-dispersed, and 
mammal-dispersed species were ln (x+1) transformed to meet statistical assumptions. Although 
there was spatial autocorrelation in some of the dependent variables, we found no autocorrelation 
in the residuals of any models using a Moran’s I test, a result validating independence of 
observations in the regression (Diniz-Filho 2003). If only forest type was found to have an effect 
on a dependent variable, a post hoc Tukey HSD test was used to test all pairwise comparisons. 
Finally, analysis of variance and post hoc Tukey HSD were used to test for differences in 
environmental and structural variables between forest types. 
 
RESULTS 
Forest structure and soil properties 
Tree plantations differed significantly from secondary forests in stem density, basal area, 
and canopy openness (ANOVA, p <0.04; Table 3.1), but not canopy height (p = 0.14). 
Generally, tree plantations had a lower stem density, higher basal area and lower canopy 
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openness than secondary forests. In Vochysia guatemalensis plantations, planted trees made up 
92.9% of basal area and 21.0% of stems. Similarly, in Hieronyma alchorneoides plantations, 
planted trees made up 91.7% of basal area and 24% of stems. Forest types exhibited no 
significant differences in % soil clay, % soil sand, or plot slope (ANOVA, p >0.08; Table 3.2). 
 
 
Species composition   
Of 3,889 individuals sampled, 99.4% were identified to species. Of 97 different species 
found, 92 were identified to species, one to genus, and four species to morphotype. Species 
composition of naturally regenerating woody plants was significantly affected by forest type 
(adonis test, p = 0.02) and distance from primary forest (p = 0.002). The interaction between the 
effect of forest type and distance on composition was not significant (p = 0.37). Tree plantations 
were separated from secondary forest plots along Axis 2 of the ordination, whereas plots near to 
primary forest were separated from those far from primary forest along Axis 1 (Fig. 3.2). Three 
tree plantations, located far (>3 km) from primary forest, did not follow these trends and fell in 
with secondary forests in the ordination. The two forest types showed similar levels of 
multivariate dispersion (betadisper, p = 0.94) 
 
Table 3.1.  Means (SD) and ANOVAs of forest structure variables by forest type:  Vochysia 
guatemalensis plantations (VG), Hieronyma alchorneoides plantations (HA), and secondary 
forests (SF).  
 
HA VG SF F (2,17) p 
N 8 5 7   
stem density 
(stems/plot) 
171.8 (47.5) a 161.0 (29.5) a 244.3 (50.9) b 7.0 0.006* 
stem density  
(excluding planted) 
130.6 (50.6) a 127.2 (30.8) a 244.3 (50.9) b 13.7 <0.001* 
basal area (m
2
/ha) 18.5 (5.4) ab 25.5 (3.5) a 12.2 (6.4) b 8.9 0.002* 
basal area  
(excluding planted) 
1.53 (1.07) a 1.80 (1.37) a 12.2 (6.4) b 16.4 <0.001* 
canopy height (m) 24.6 (4.5) 23.5 (1.3) 20.4 (3.3) 2.3 0.14 
canopy openness 
(%) 
15.0 (5.0) ab 13.3 (4.9) a 21.3 (5.3) b 4.2 0.035* 
* indicates ANOVA p <0.05. Letters indicate results of Tukey’s HSD tests.  
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Table 3.2.  Means (SD) and ANOVAs of site characteristics by forest type:  
Vochysia guatemalensis plantations (VG), Hieronyma alchorneoides plantations 
(HA), and secondary forests (SF).   
 
HA VG SF F (2,17)   p 
N 8 5 7   
Distance to 
primary 
forest (km) 
2.5 (1.6) 1.9 (1.4) 1.9 (1.4) 0.36 0.70 
Age 12.0 (2.7) a 12.4 (2.9) ab 16.6 (4.2) b 4.1 0.03* 
% sand 46.6 (18.3) 50.4 (11.7) 56.1 (18.5) 0.52 0.61 
% clay 15.0 (5.7) 12.1 (3.4) 9.4 (2.7) 3.0 0.08 
% slope 1.5 (1.1) 2.7 (2.6) 1.1 (1.0) 1.5 0.25 
* indicates ANOVA p <0.05. Letters indicate results of Tukey’s HSD tests.  
 
 
Figure 3.2.  NMDS ordination plot of naturally regenerating woody plants in V. 
guatemalensis plantations (VG), H. alchorneoides plantations (HA), and secondary forests 
(SF). Each circle represents a different forest plot and circle size is scaled to distance from 
primary forest (larger means farther from PF). The distance from primary forest vector is 
shown by the arrow. Species with ≥24 individuals are shown. For full species names, see 
Table B.2. Polygon connects secondary forest plots for clarity. 
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Axis 2 represents a shift from understory species dispersed by small birds and/or bats 
(e.g. Cecropia obtusifolia, various Melastomataceae, Piper spp.) in secondary forests, to canopy 
species dispersed by larger birds and/or non-bat mammals in tree plantations (e.g. Castilla 
elastica, Nectandra reticulata, Simarouba amara). Axis 1 represents a shift from long-lived 
pioneers and shade-tolerant species near primary forest (e.g. Annona papilionella, Guatteria 
amplifolia, Virola sebifera), to short-lived pioneers far from primary forest (e.g. Hampea 
appendiculata). 
Growth forms 
Plants identified to species level included 51 canopy species (adult height >15 m; 36.0% 
of individuals) and 41 understory species (63.8% of individuals). Forest type but not distance 
from primary forest was included as an explanatory variable in the best model for abundance of 
understory species (Table B.2). Abundance of understory species was significantly higher in 
secondary forests (161.7 ± 30.9 stems / plot) than in H. alchorneoides plantations (69.3 ± 27.4) 
and V. guatemalensis plantations (87.2 ± 31.1; F2,17 = 1.0, p = 0.0009; Fig. 3.3 and Table B.3). 
Abundance of canopy species was not affected by forest type or distance from primary forest 
(Table B.2). Average canopy species abundance was 74.0 ± 16.7 stems / plot in secondary 
forests, 54.4 ± 29.6 in V. guatemalensis plantations, and 60.8 ± 20.2 in H. alchorneoides 
plantations. 
Regeneration guilds  
Twenty-five species of those identified were short-lived pioneers (68.9% of individuals), 
51 were long-lived pioneers (24.7% of individuals) and eight were shade-tolerant (3.9% of 
individuals). The best model for abundance of short-lived pioneers was forest type only (F2,17 = 
8.3, p = 0.003). Significantly more short-lived pioneers were found in secondary forests (173.9 ± 
44.4) than in H. alchorneoides plantations (83.3 ± 31.6) and V. guatemalensis plantations (80.4 ± 
24.8; Fig. 3.3). This difference is driven by understory species because forest type did not have 
an effect on abundance of short-lived canopy pioneers (F2,17 = 1.2, p = 0.32).  
 Distance from primary forest but not forest type was included in both best models for 
abundance of long-lived pioneers and shade-tolerant species (Table B.2). Abundance of long-
lived pioneers decreased significantly as distance to primary forest increased (-9.7 stems / km, 
F1,18 = 12.2, p = 0.003; Fig. 3.4). Abundance of shade-tolerant species also decreased 
significantly as distance to primary forest increased (-2.7 stems / km, F1,18 = 15.6, p = 0.0009; 
Fig. 3.4).  
Dispersal vector 
 Ten species were wind-dispersed (4.0% of individuals), three were ballistically-dispersed 
(1.8% of individuals), eight were only bat-dispersed (16.5% of individuals), three were both bat 
and bird-dispersed (1.5% of individuals), 27 were only bird-dispersed (58.6% of individuals), 23 
were both bird and mammal-dispersed (13.7% of individuals), and 12 were only mammal-  
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Figure 3.3.  Abundance of different ecological categories of woody plants in different forest 
types. These categories were not significantly related to distance to primary forest (Table 
B.2). Forest types are secondary forest (SF), H. alchorneoides tree plantations (HA), and V. 
guatemalensis tree plantations (VG). Letters indicate significant differences (p <0.05) 
between forest types from Tukey’s HSD tests. 
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dispersed (2.8% of individuals). Wind-dispersal abundance was not related to forest type or 
distance from primary forest (Table B.2). Abundances of bat-dispersed and bat/bird-dispersed 
species were best explained by forest type alone (p <0.007, Table B.2). Both categories were at 
least twice as abundant in secondary forests than in both types of tree plantations (Fig. 3.3). 
Abundance of bird-dispersed species followed a similar trend but the difference between forest 
types was not statistically significant (F2,17 = 3.1, p = 0.07). Abundances of bird/mammal-
dispersed and mammal-dispersed species were best explained by distance from primary forest 
alone (Table B.2) and decreased significantly as distance from primary forest increased (p <0.01, 
Fig. 3.4).  
 
 
Figure 3.4. Relationship between distance to primary forest and abundance of 
different ecological categories of woody plants. None of these variables were affected 
by forest type (Table B.2). Forest types are secondary forest (open symbols), H. 
alchorneoides tree plantations (black), and V. guatemalensis tree plantations (grey).  
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Species richness 
Variation in rarefied species richness (species / 70 individuals) of natural regeneration 
was most effectively explained by a model with only distance from primary forest (r
2
 = 0.63, 
Table B.2). Distance had a significant negative effect on rarefied richness (-1.9 species / km; 
F1,18 = 14.4, p = 0.001; Fig. 3.5A). Mean rarefied richness was not affected by forest type and 
was 14.4 ± 3.9 in H. alchorneoides plantations, 19.0 ± 4.3 in V. guatemalensis plantations, and 
17.6 ± 3.7 in secondary forests. Across all forest types mean species density was 23.7 ± 3.1 
species / 900 m
2
. The interaction between forest type and distance was not significant in this 
model or any other variable tested. Individual-based species accumulation curves showed 
slightly slower species accumulation in H. alchorneoides plantations than in secondary forests 
and V. guatemalensis plantations (Fig. 3.5B). 
 
 
Figure 3.5.  Diversity of naturally regenerating woody plants in tree plantations and 
secondary forests. A) Relationship between rarefied species richness (per 70 individuals) in 
each plot and distance from primary forest. There was no significant difference between 
forest types: forest type (SF; open circles), H. alchorneoides tree plantations (HA; black 
circles), and V. guatemalensis tree plantations (VG; gray circles). B) Individual-based species 
accumulation curves for each forest type. 
 
DISCUSSION  
Effects of forest type on species composition 
Species composition of natural regeneration in tree plantations was different from 
secondary forests, and we identified ecological groups associated with this difference. Secondary 
forests had substantially more short-lived pioneers, understory species, and bat-dispersed species 
than tree plantations. However, secondary forests and tree plantations had similar abundances of 
mid- to late-successional categories (long-lived pioneers, shade-tolerant, mammal-dispersed). 
Previous experimental studies in tropical forests have found differences in species composition 
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between tree plantations and secondary forests at 10 and 15 years old (Butler et al. 2008, Holl et 
al. 2017), although a study of 5-year-old sites did not (Gilman et al. 2016). Although 
regeneration in tree plantations is often dominated by early-successional species (Cusack and 
Montagnini 2004, Zahawi et al. 2013), it has been shown to resemble the composition of mature 
forest more than secondary forest does (Holl et al. 2017). This may be due to increased dispersal 
of large-seeded species in tree plantations compared to secondary forests (Reid et al. 2015). 
Also, germination and survival of early-successional species, which are inhibited by both shade 
and litter (Dupuy and Chazdon 2008), may be lower in tree plantations than in early secondary 
growth. Since these tree plantation sites had a shorter period of undisturbed regeneration and 
lower overall stem density than secondary forest sites, it was difficult to determine whether 
recruitment of early-successional species was suppressed or whether recruitment of mid- to late-
successional species was enhanced. Regardless, our results suggest that tree plantations may 
catalyze succession of species composition in areas of extended land use and habitat 
fragmentation. 
We found substantially fewer understory species in tree plantations than in secondary 
forests, a group made up mostly of shrubs and treelets in the Melastomataceae, Piperaceae, and 
Rubiaceae families. In the lowland forests of Costa Rica, shrub density decreases with forest age 
(Laska 1997), and this shift is correlated with a decline in light availability (Capers et al. 2005). 
Lower light availability in tree plantations compared to pastures, may have inhibited germination 
and growth of many shade-intolerant understory species.  
Forest type effects on species composition may also be attributable to habitat preferences 
of seed dispersers. The most common bat-dispersed plants in our sites were pioneer species 
Cecropia obtusifolia, Piper colonense, Piper friedrichsthallii, and Senna papillosa all of which 
were more abundant in secondary forests. These results are consistent with a study from wet 
forests in Mexico, which showed that bats are more important than birds for seed dispersal of 
pioneer tree and shrubs into open, grassy areas (Peña-Domene et al. 2014). Another study 
showed that birds, not bats, are responsible for increased tree seed rain in 4-year-old tree 
plantations compared to natural regeneration in Costa Rica (Cole et al. 2010). Our result adds to 
mounting evidence that tree plantations impact seed disperser assemblages during early 
secondary succession (Holl et al. 2017), although importance of disperser groups may shift in 
different regions. 
Tree plantations had similar abundances of a mid-successional category (long-lived 
pioneers) as secondary forests. Also, abundances of late-successional categories (shade-tolerant 
and mammal-dispersed species) were quite low in all forest types (<6 % of individuals). 
Recruitment of mature forest species is typically a slow process in natural regeneration (Finegan 
1996, Aide et al. 2000, Norden et al. 2009), and a lack of seed dispersal of these species is 
considered the major obstacle. Our study does not suggest that tree plantations substantially 
enhance recovery of mature forest species during the first two decades of succession. 
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Guild categories in our study are coarse distinctions based on subjective assessments by 
ecologists. To gain a more complete understanding of successional stages of these forests, an 
objective classification based on habitat preferences or functional traits would be useful. An 
objective classification of tree species of the region based on habitat preferences (old-growth 
specialists, secondary growth specialists and generalists) has been conducted (Chazdon et al. 
2011); however, habitat preferences of about 40% of species at our sites have not been 
determined.  
Effect of forest type on species richness 
We found that rarefied species richness of woody plants was similar in tree plantations 
grown for carbon sequestration and secondary forests. Recovery of plant diversity in tropical 
forest is highly limited by seed dispersal (Holl 1999, Hooper et al. 2005), and seed rain diversity 
is enhanced in tree plantations compared to abandoned pastures (Zamora and Montagnini 2007, 
Cole et al. 2010). Comparisons of tropical forest restoration in planted and unplanted plots have 
shown that tree planting either enhanced plant diversity (Guariguata et al. 1995, Parrotta 1995, 
Powers et al. 1997), or resulted in similar species richness as naturally regenerating forest (Bone 
et al. 1997, Lugo 1992, Healy 2003, Butler et al. 2008). Tree plantations are thought to be most 
effective in landscapes with intermediate levels (~30%) of forest cover (Tambosi et al. 2014) 
similar to our sites. However, tree plantations in our study had a more intense management (e.g. 
planted tree thinning and five-year period of manual understory clearing) than in most 
comparisons of diversity. Given the landscape and management context, we suspect that in our 
sites tree plantations could have enhanced diversity of seed rain, but that diversity of recruitment 
did not exceed secondary forests perhaps because understory clearings delayed the period of 
natural regeneration.  
Our findings show that single-species tree plantations with native species and moderate 
management practices can still support levels of diversity comparable to secondary forests. 
While mixed-species plantings are preferable for forest restoration (Rodrigues et al. 2009, 
Stanturf et al. 2014), single-species plantations of common timber species are often used due to 
convenience in restoration and carbon sequestration projects. Also, other studies have shown 
variation between native plantation species in their ability to enhance abundance and diversity of 
recruitment in the understory (Carnevale and Montagnini 2002). Our findings are consistent with 
studies that show that Vochysia guatemalensis and Hieronyma alchorneoides perform well in 
supporting regeneration of woody plants (Guariguata et al. 1995, Powers et al. 1997). This is 
likely due to these species creating a relatively dense canopy, which shades out grasses that 
compete with woody plants (Butler et al. 2008). Careful selection of species for tree plantations 
could enhance the conservation value of forest planted for carbon sequestration. 
Effect of landscape on forest regeneration 
As distance from primary forest increased, species richness declined and species 
composition shifted. Abundances of bird and mammal-dispersed species, only mammal-
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dispersed species, shade-tolerant species and long-lived pioneers declined as distance to primary 
forest increased. The recovery rate of diversity and composition of both tree plantations and 
secondary forests is related to surrounding landscape (Parrotta and Knowles 2001, Zanne and 
Chapman 2001, Goosem et al. 2016, Crouzeilles and Curran 2016). As noted previously, 
distance from primary forest in our study is correlated with a decline in forest cover of all forest 
types. Seed sources for sites that were closer to primary forest were probably more diverse and 
composed of later-successional species than for sites far from primary forest.  
The interaction between forest type and distance from primary forest was not significant 
for any variables tested. However, the effect of distance from primary forest on species richness, 
long-lived pioneers and bird/mammal-dispersed species seemed to be larger in tree plantations 
than secondary forests (see scatterplots in Fig. 3.4 and Fig. 3.5). We may have lacked the 
statistical power to identify the interaction. Contrary to our expectations, tree plantations may 
have been affected more by amount of surrounding forest cover than secondary forests. Size of 
seed disperser populations and dispersal distances are lower in landscapes with greater habitat 
fragmentation (Cramer et al. 2007, Uriarte et al. 2011), and active restoration is considered more 
necessary in regions degraded by intense land uses and forest fragmentation (Holl and Aide 
2011, Chazdon and Guariguata 2016). In our study, the types of seed dispersers arriving in tree 
plantations may be more severely affected by forest fragmentation than the types of seed 
dispersers arriving in secondary forests. Mobility of bird and mammal seed dispersers is known 
to be greatly limited by forest fragmentation (McConkey et al. 2012). Alternatively, large 
frugivorous bats, which appear to be dispersing more seeds in our secondary forests sites than 
tree plantations, can disperse seeds over distances of several kilometers and in fragmented 
landscapes in the tropics (Corlett 2009). If this finding is supported by further evidence, it may 
suggest that tree plantations provide larger conservation benefits in landscapes with less forest 
fragmentation.  
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CHAPTER 4 
COMPARING SUCCESSIONAL TRAJECTORIES IN SECONDARY FORESTS AND 
TREE PLANTATIONS IN COSTA RICAN LOWLANDS 
 
INTRODUCTION 
Successional pathways in tropical forests are influenced by both deterministic processes 
and site history. Turnover of species composition is often predictable based on regeneration 
guilds, with shade-intolerant pioneers giving way to shade-tolerant mature forest species 
(Guariguata and Ostertag 2001, Norden et al. 2009, Lebrija-Trejos et al. 2010). In neotropical 
secondary succession, shifts in growth form are also observed, with shrubs and lianas declining 
in abundance and palms and canopy trees increasing (Laska 1997, Capers et al. 2005). On the 
other hand, rate of change in abundance, diversity and composition of plants are often highly 
variable from site to site (Norden et al. 2015). This unpredictability may arise from unmeasured 
differences in abiotic conditions or stochasticity in dispersal and establishment. Various 
historical events and abiotic factors have been shown to impact successional trajectory, including 
intensity of previous land use (Mesquita et al. 2001, Jakovac et al. 2015), soil type (Finegan and 
Delgado 2000), proximity to seed sources (Goosem et al. 2016), species composition of nearby 
seed sources (Janzen 1988), dispersal limitation (Hubbell et al. 1999), and amount of remnant 
vegetation (Schlawin and Zahawi 2008).  
Another factor which may impact successional trajectory is the use of planted forests for 
reforestation in deforested tropical landscapes. Tree plantations used for carbon sequestration 
and forest restoration under light management regimes support successional plant communities 
(Brockerhoff et al. 2008, Thompson et al. 2014). Although successional pathways in secondary 
forests that result from abandonment of agricultural land uses have been studied extensively in 
long-term plots (Chazdon et al. 2007, Poorter et al. 2016), studies of successional dynamics in 
tree plantations are rare. Tree plantations, among other active restoration methods (Stanturf et al. 
2015), can enhance the initial establishment of woody plants compared to control sites (Parrotta 
et al. 1995, Guariguata et al. 1995, Power et al. 1997, Zahawi et al. 2013) and alter initial species 
composition of woody plants (Holl et al. 2017). However, very few studies have evaluated shifts 
in abundance, diversity and species composition over time in tree plantations. It is unknown if 
shifts in regeneration guilds and life forms follow patterns similar to secondary forests. Our 
hypothesis is that turnover of species composition is slower in tree plantations than in secondary 
forests due to differences between planted trees and dominant secondary forest trees. Planted 
trees often have longer life spans than early pioneer trees that dominate the canopy in young 
secondary forests. Higher mortality of trees in secondary forests than tree plantations could drive 
a more rapid change in species composition.  
With tree plantations making up 3.3% of tropical forest area (Keenan et al. 2015), it is 
important to study how the diversity and composition of this forest type develop over time in 
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order to evaluate its long-term value for conservation. If tree plantations affect initial species 
composition of woody plants species composition may remain different in these two forest types 
for extended periods. Many tropical pioneer species live for several decades (Finegan 1996) and 
species from different stages of succession establish early following disturbance (Uhl et al. 1988, 
Van Breugel et al. 2007). Whereas structural characteristics of forest sites tend to converge 
during succession (Williamson et al. 2014), species richness and species composition often 
become less similar among different sites (Vandermeer et al. 2004, Myster and Malahy 2008, 
Longworth et al. 2014).  
In this study we evaluated changes in woody vegetation in secondary forests (abandoned 
cattle pastures) and monoculture tree plantations over a three-year period at sites ranging from 8 
to 23 years old. Previous research at these sites had shown that species composition of natural 
regeneration differed between these two forest types (Chapter 3). In this study, we incorporate a 
second survey to evaluate changes over time in the following characteristics: stem density, basal 
area, species richness, and species composition. We also examined changes in relative 
abundance of different growth forms, regeneration guilds and species. 
We had two primary questions in this study. First, does the rate and direction of change in 
characteristics of woody vegetation differ between forest types? We predicted that change in 
species composition would be greater in secondary forests, than in tree plantations. Second, do 
characteristics of woody vegetation in tree plantations become more similar to secondary forests 
over time? For both forest types, we expected stem density, basal area and species richness to 
increase between censuses where 3 years is adequate to observe changes. Also, we expected 
relative abundance of understory species and short-lived pioneers to decline, and relative 
abundance of canopy trees, long-lived pioneers and shade-tolerant species to increase.  
 
METHODS 
Data Collection 
The study was carried out at Universidad Earth, Pocora, Limón Province in north-east 
Costa Rica (10°13’9”N, 83°35’29”W, 30-100 m asl). The natural vegetation is categorized as 
tropical moist forest. Average annual temperature and precipitation are 26 °C and 3500 mm, 
respectively. Seven 30 x 30 m plots were established in monoculture tree plantations, three of 
Vochysia guatemalensis and four of Hieronyma alchorneoides. Tree plantations were established 
for carbon sequestration. After tree plantings, the understory vegetation was cleared for 
approximately five years. Seven more plots were placed in secondary forests that resulted from 
natural regeneration on abandoned pastures. Plots were within 7 km of each other and forest 
types were distributed evenly across the landscape. Full site and treatment descriptions are found 
in the Methods section of Chapter 3.  
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Woody plants ≥2 cm dbh (diameter at breast height) in each plot were measured and 
identified to species. Initial censuses were conducted in eleven plots between May and July 2013 
and in three plots (two plantations and one secondary forest) in October 2014. A second census 
was conducted in all plots between June and July 2016. Six more tree plantation plots had been 
established in 2013 but were cleared before the second census and not used in this study. Time 
between surveys was treated as equal for analysis. During the initial census tree plantations 
ranged from 8 to 15 years old (time since planting) and secondary forests ranged from 11 to 21 
years old (time since pasture abandonment). Tree plantations were on average four years younger 
than secondary forests. 
We classified species based on growth form and regeneration. According to maximum 
adult height, species were classified into two growth forms: understory species (<15 m) and 
canopy species (>15 m). Information on maximum adult height was obtained from the Digital 
Flora database at La Selva Biological Station (Castro 2013). Regeneration guilds were short-
lived pioneers, long-lived pioneers and shade-tolerant species. These guilds for Costa Rican tree 
species have been subjectively assigned based on observations by experienced forest ecologists 
and made available by the national forest resources agency (SIREFOR 2010). 
Data Analysis 
 The following dependent variables were calculated: stem density (stems/m
2
), basal area 
(m
2
/ha), species density (number of species per plot), rarefied species richness (number of 
species at 70 individuals in rarefaction), and the relative abundances of each growth form and 
regeneration guild. Planted individuals were included for calculation of stem density and basal 
area but excluded for all diversity and composition analysis. For the analysis we combined the 
two types of tree plantations (H. alchorneoides and V. guatemalensis) since we did not observe 
significant differences in diversity or composition in previous work (Chapter 3). We tested for 
differences between forest types (tree plantations vs secondary forests) in the dependent 
variables during the first census and the second census using Student’s t-tests. These variables 
were normally distributed and had similar variances in tree plantations and secondary forests. 
Change in each dependent variable between censuses was calculated for each plot. We 
also calculated the number of species lost and gained in each plot between censuses. The amount 
of change had large deviations from normal distributions in several variables (rarefied richness 
and relative abundances of all growth forms and regeneration guilds). We tested whether change 
was significantly different from zero in each forest type and whether there was a difference 
between forest types in rate of change. For variables in which change was not normally 
distributed, nonparametric tests were used: Wilcoxon’s signed-rank test for differences from zero 
and Mann-Whitney U test for differences between forest types. Otherwise, one-sample t-tests 
were used to test for differences from zero and two-sample t-tests for differences between forest 
types. Values of normally distributed variables are reported as mean ± standard deviation, 
whereas medians were reported for non-normal variables. 
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We also tested the effect of forest age (time since planting or since pasture abandonment) 
on these same dependent variables. Age and dependent variables of each plot were averaged 
across the two censuses for this analysis so that these tests would be independent of changes 
between the two censuses. Then we ran separate simple linear regressions for each forest type 
between dependent variables and age. 
 Trajectories of species composition during succession were examined by calculating the 
pairwise Bray-Curtis dissimilarity between each plot-census combination. Abundance data were 
ln(x+1) transformed to reduce influence of most abundant species. The ‘metaMDS’ function in 
the ‘vegan’ package (Oksanen 2015) was used to construct a nonmetric multidimensional scaling 
(NMDS) ordination using these dissimilarities. Centroids for both forest types were calculated 
for the first and second census. The change in position along Axis 1 and Axis 2 of the NMDS 
(trajectory, sensu Laurance et al. 2006) was calculated for each plot. For each forest type and 
each axis, we tested if the trajectory was significantly different from 0 with Wilcoxon signed-
rank test and whether trajectory differed between forest types. We also evaluated whether forest 
type had a significant effect on species composition during the first and second census with the 
permutation test adonis in ‘vegan’. 
 A separate NMDS ordination, with the same procedure, was constructed to compare the 
2-3 and >3 cm dbh size classes in the 2016 data set. The 2-3 cm size class is presumed to contain 
the most recent recruits in the community. We combined all plots and size classes on one 
ordination and tested whether forest type had a significant effect on species composition of either 
size class.  
Finally, we examined the changes in abundance at the species level. Percent change in 
raw abundance [(Nf - Ni) / Ni *100] and change in relative abundance [(Nf /Af) - (Ni/Ai)] of each 
species were calculated separately for each forest type. N is the species abundance during the 
initial (Ni) and the final (Nf) census. A is the community abundance during the initial (Ai) and the 
final (Af) census. Abundances were pooled across all plots of the same forest type. Changes in 
relative abundances were tabulated and examined visually. A simple linear regression was 
performed to determine the correlation between percent change in abundance of species in 
secondary forests and in tree plantations. Only species with at least 5 individuals in each forest 
type were used for the regression. 
 
RESULTS 
Excluding the planted trees, we sampled 2527 individuals and 95 species during the 
initial census and 2798 individuals and 116 species during the second census.  
Forest age (time since planting or pasture abandonment) was not significantly correlated, 
in either forest type, with species density, rarefied richness, stem density, basal area, or relative 
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abundance of any ecological category (Table C.1). The strongest correlations were between 
forest age and diversity measures (species density and rarefied richness) in both forest types (r
2
 
<0.42, p >0.11).  
Stem density, basal area, and diversity 
During the initial census, mean stem density in tree plantations (0.196 ± 0.069 stems / 
m
2
) was significantly lower than in secondary forests (0.273 ± 0.041; t12 = 2.32, p = 0.039). By 
the second census forest types no longer differed significantly in stem density (Table 4.1). Stem 
density increased significantly over 3 years in tree plantations (+0.042 ± 0.034; paired t-test, t6 = 
3.26, p = 0.017), but not in secondary forests (+0.002 ± 0.041; t6 = 0.14, p = 0.89). However, rate 
of change in tree plantations was not significantly different than in secondary forests (t12 = 1.97, 
p = 0.072). Change in secondary forest plots was highly variable and ranged from -0.05 to 
+0.054 stems / m
2
.  
 
Table 4.1. Means (SD) of several characteristics of woody plant communities in secondary 
forest plots (SF; n = 7) and tree plantation plots (PL; n = 7) over two censuses three years 
apart. Student’s t-tests (df = 12) were used to examine differences between forest types in 
each census. 
 
First census 
 
Second census 
 
SF PL t p 
 
SF PL t p 
Stems / m
2
 
0.273 
(0.055) 
0.196  
(0.069) 
2.32 0.039* 
 
0.275
 
 
(0.062) 
0.238
 
 
(0.059) 
1.15 0.27 
Basal area 
(m
2
/ha) 
12.2 
(6.4) 
20.6
 
 
(5.0) 
2.73 0.018* 
 
15.9 
(5.5) 
22.3
 
 
(4.1) 
2.47 0.030* 
Species / 
plot 
27.7  
(4.6) 
22.9  
(9.1) 
1.3 0.23 
 
29.1
 
 
(7.8) 
29.9
 
 
(7.3) 
0.17 0.86 
Richness 
(rarefied) 
17.6
 
 
(3.7) 
17.4  
(4.9) 
0.10 0.91  
18.0
 
 
(5.0) 
20.2 
(4.2) 
0.85 0.40 
†
Understory 
0.685
 
 
(0.084) 
0.513
 
 
(0.177) 
2.33 0.038* 
 
0.659 
(0.080) 
0.447
 
 
(0.144) 
3.4 0.005* 
Canopy 
0.315
 
 
(0.084) 
0.487
 
 
(0.177) 
2.33 0.038* 
 
0.341 
(0.080) 
0.553
 
 
(0.144) 
3.4 0.005* 
SLP 
0.745
 
 
(0.127) 
0.548
 
 
(0.232) 
1.97 0.071 
 
0.701
 
(0.145) 
0.469
 
 
(0.203) 
2.47 0.030* 
LLP 
0.218  
(0.097) 
0.428
 
 
(0.233) 
2.20 0.048* 
 
0.238 
(0.103) 
0.487
 
 
(0.199) 
2.94 0.012* 
ST 
0.037
 
 
(0.035) 
0.024
 
 
(0.026) 
0.78 0.45 
 
0.061
 
 
(0.050) 
0.044
 
 
(0.038) 
0.71 0.48 
†
 Relative abundances are of understory species (<15 m adult height), canopy species (>15 m), 
short-lived pioneers (SLP), long-lived pioneers (LLP), and shade-tolerant species (ST). 
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During both censuses, mean basal area of tree plantations (initial census: 20.6 ± 5.0 m
2 
/ 
ha) was significantly larger than secondary forests (12.2 ± 6.4; Table 4.1). Both forest types had 
significant increases in basal area over 3 years (Table 4.2). While the mean increase in basal area 
in tree plantations (+3.7 ± 2.1) was larger than in secondary forests (+1.7 ± 1.9), it was not 
significantly different (t12 = 1.81, p = 0.094). 
Mean species density and mean rarefied richness in tree plantations (rarefied richness 
initial census: 17.6 ± 3.7 species / plot) were not significantly different from secondary forests 
(17.4 ± 4.9) in either census (p >0.23; Table 4.1). However, increase in species density over 3 
years was significantly larger in tree plantations (+7.0 ± 2.9) than in secondary forests (+1.4 ± 
3.2; Table 4.2). Number of species lost did not differ between forest types (SF, 3.7 ± 1.2; PL, 2.6 
± 1.1; t12 = 1.37, p = 0.098), but tree plantations gained more species per plot than secondary 
forests (SF, 5.1 ± 2.6; PL, 9.4 ± 2.7; t12 = 2.2, p = 0.022). Rarefied richness (species / 70 
individuals) did not increase significantly in either tree plantations or secondary forests nor did 
rate of change differ between forest types (Table 4.2).  
 
Table 4.2. Mean change (SD) over three years of several characteristics of woody plant 
communities in secondary forest plots (SF; n = 7) and tree plantations (PL; n = 7). Statistical 
results show whether change over three years is significantly different from zero (one-
sample t-test, df = 6) and whether rate of change differs between forest types (two-sample t-
test, df = 12). 
 
2013 vs 2016 
 
SF vs PL 
 
Δ in SF t p 
 
Δ in PL t p 
 
t p 
Stems / m
2
 
0.002 
(0.041) 
0.14 0.89  
0.042 
(0.034) 
3.26 0.017* 
 
1.97 0.072 
Basal area 
(m
2
/ha) 
3.7 
(2.1) 
4.69 0.003*  
1.7 
(1.9) 
2.83 0.030* 
 
1.81 0.094 
Species / 
plot 
1.4 
(4.3) 
0.88 0.41  
7.0 
(3.9) 
4.78 0.003* 
 
2.54 0.026* 
†Richness 
(rarefied) 
-0.45 W=2 0.94  1.92 W=22 0.08  Z=1.47 0.13 
† Statistical tests for rarefied richness were nonparametric (Wilcoxon signed-rank and Mann 
Whitney) and median change is shown.  
 
Growth forms and regeneration guilds 
Rate of change in relative abundance of different growth forms and regeneration guilds 
did not differ significantly between tree plantations and secondary forests (Mann-Whitney, p 
>0.38; Fig. 4.1, Table C.2). In secondary forests, the relative abundance of short-lived pioneers 
decreased significantly between censuses (median: -0.024; Wilcoxon signed-rank test, p =  
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Figure 4.1. Change in relative abundance over three years of different categories of woody 
plants in tree plantation plots (shaded boxes; n = 7) and secondary forest plots (open boxes; n 
= 7). Categories are understory species (<15 m adult height), canopy species (>15 m adult 
height), short-lived pioneers (SLP), long-lived pioneers (LLP), and shade-tolerant (ST). Line 
inside the boxes represents the median, top and bottom of boxes represent the 75th and 25th 
percentile, respectively, and whiskers represent the 10th and 90th percentiles. (*) indicates 
significant difference from zero (Wilcoxon signed-rank test, p <0.05). 
 
0.031). In tree plantations, short-lived pioneers decreased and long-lived pioneers increased 
significantly (median: -0.037 and 0.027, respectively; Table C.2). Changes in long-lived pioneers 
in secondary forests, and shade-tolerant species and growth forms in both forest types were not 
statistically significant over three years (Table C.2). However, all categories followed the 
predicted direction of change in at least five of seven plots in each forest type. Median changes 
of these groups in tree plantations (shade-tolerant and understory species: +0.014, -0.019, 
respectively) were similar to changes in secondary forests (+0.012, -0.023). Variation in the 
amount of change in relative abundance of these groups was much larger in tree plantations than 
secondary forests (Fig. 4.2) due to a large turnover in species composition in one tree plantation 
plot. 
Ordination 
 Species composition in tree plantations was significantly different from secondary forests 
in both 2013 and 2016 (adonis tests, 2013, p = 0.042; 2016, p = 0.041; Fig. 4.2), with tree 
plantations having larger Axis 1 values and smaller Axis 2 values than secondary forests. 
Positive values on Axis 1 were correlated with higher relative abundances of canopy species and 
long-lived pioneers (r
2
 = 0.51 and r
2
 = 0.76, respectively).  
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Distance between the tree plantation centroid and the secondary forest centroid decreased 
slightly from 2013 to 2016 (0.619 to 0.586; Fig. 4.2). The centroids of both forest types had a 
trajectory towards larger values on Axis 1 (Fig. 4.2).  The median trajectory on Axis 1 of  
 
 
Figure 4.2. Nonmetric multidimensional scaling (NMDS) showing the successional 
trajectory of species composition of woody plants over three years in tree plantation plots 
(black) and secondary forest plots (gray). Circles mark second census, and centroids of 
each forest type are shown by larger circles.  
 
secondary forest plots (+0.044) was significantly different from 0 (Wilcoxon signed-rank test, p 
= 0.047), but was not for tree plantation plots (+0.076; p = 0.21). However, when removing one 
plot which began with a much larger Axis1 position than others, change on Axis 1 of tree 
plantations is statistically different from zero (p = 0.03). The trajectory on Axis 2 was not 
significantly different from 0 for either forest type (p >0.25; Table C.2).  
Recent recruits (2-3 cm dbh size class in 2016) account for 48% and 26% of individuals 
in tree plantations and secondary forests, respectively. Species composition of recent recruits in 
tree plantations was significantly different from secondary forests (adonis test, p = 0.021; Fig. 
4.3). 
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Species level changes 
 There was a significant positive correlation between the percent change in abundance of 
non-rare species (>5 individuals in each forest type) in tree plantations and secondary forests 
(Fig. 4.4). Among the ten species with largest increases in relative abundance in either forest 
type, the shrub Piper colonense was the only species in common to tree plantations and 
secondary forests (Table C.3). Of the ten species with largest decreases in relative abundance, 
there were six species in common to the two forest types. 
DISCUSSION 
 This is one of few studies (e.g. Gilman et al. 2016) to compare successional dynamics in 
tree plantations to secondary forests. We found that differences between tree plantations and 
secondary forests in stem density and basal area declined over time; that increase in species 
richness did not differ between forest types, when accounting for number of individuals; and that 
species composition followed a similar successional trajectory in tree plantations and secondary 
forests, without leading towards convergence of forest types. This study only covers a three year 
period in forests that are in the second decade of succession and so we are not able to determine 
whether rates of change differ between forest types on longer time scales or in older forests. 
However, we did find that shifts in plant communities were consistent enough across plots to 
make conclusions about succession during this time period. 
 
 
 
Figure 4.3. Ordination (NMDS) of species composition of different size classes (>3 cm dbh 
[circles] and 2-3 cm dbh [squares]) in tree plantations (PL; black) and secondary forests (SF; 
gray). Difference between forest types was significant for both size classes. 
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Stem density and basal area 
 Stem density and basal area of woody plants in tree plantations became more similar to 
secondary forests during this study. If the rates of change observed are projected out, mean stem 
density and mean basal area in tree plantations would converge with secondary forests in just 
three and nine more years, respectively. These findings are consistent with convergent patterns in 
stem density and basal area seen in alternative successional pathways resulting from different 
restoration approaches (Shoo et al. 2016) or different land-use intensities (Williamson et al. 
2014).  
Our study suggests that in tree plantations which undergo early understory clearings, 
stem density may reach similar levels as in secondary forests within two or three decades. Stem 
density often reaches a stable equilibrium or peaks during the first 30 years of tropical forest  
 
 
Figure 4.4. Relationship between percent change in abundance in secondary forests and in 
tree plantations of species with at least five individuals in both forest types (n = 30). 
 
succession (Aide et al. 1995, Feldpausch et al. 2004, Lebrija-Trejos et al. 2010, Dupuy et al. 
2012) because growth, mortality and recruitment rates are density dependent (Uriarte et al. 2004, 
Wills et al. 2016). Secondary forests on average had little change in stem density, with some 
plots increasing and others decreasing. This finding indicates that some secondary forest plots 
had reached the stem exclusion phase of succession (Oliver and Larson 1996) during which 
mortality rates increase (Lebrija-Trejos et al. 2010, Chapter 2). Tree plantations, which had 
significant increases in stem density, had not yet reached the stem exclusion phase. 
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Tree plantations in our study had higher basal area than secondary forests. This finding is 
consistent with general findings that recovery of above ground biomass is marginally more rapid 
in tree plantations than in secondary forests (Bonner et al. 2013). Above ground biomass is 
correlated with important ecosystem processes such as productivity and litter decomposition 
during secondary succession (Lohbeck et al. 2015). The difference between tree plantations and 
secondary forests in basal area decreased during our study, possibly because planted trees have 
exceeded the dbh of peak growth increments, whereas canopy trees in secondary forests have 
not. Ontogenetic changes in dbh growth increments are common with peaks around 60% of 
maximum size (Herault et al. 2011). In addition, growth rates of pioneer tree species in 
secondary forests are likely faster than planted trees, especially so for Hieronyma alchorneoides 
which does not grow as quickly as Vochysia guatemalensis.  
Whereas several forest traits showed significant changes over three years, plot age was 
not significantly related to stem density, basal area, or any other characteristics of woody 
vegetation. This was not surprising given the small sample size and small span in stand age (8-23 
years) in our study. The rate of forest recovery has been shown to be highly variable from site to 
site (Norden et al. 2015) and chronosequences such as ours may not be able to detect 
successional trends as well as short time series data. 
Species diversity 
Although species density of woody plants increased more rapidly in tree plantations than 
in secondary forests, rarefied number of species did not change significantly in either forest type. 
Therefore, the difference in species accumulation was primarily due to a difference in stem 
accumulation. Species density is highly sensitive to stem density during secondary succession 
(Chazdon et al. 1998). However, it should be noted that increase in rarefied richness was nearly 
significant in tree plantations (p = 0.08) and statistically insignificant in secondary forests (p = 
0.94). There may have been a difference between forest types that we could not detect with our 
limited time frame and sample size. Tree plantations have been shown to enhance the diversity of 
woody plants within the first decade of succession compared to abandoned pastures (Powers et 
al. 1997, Zahawi et al. 2013), but it is unknown for how long species accumulation rates differ. 
Slow rate of change in species richness has been observed in other secondary forests. 
Although species density often does increase after stem density stabilizes, long-term plots often 
exhibit periods without a significant increase in species density (Chazdon et al 2007, Norden et 
al. 2015). Since many species are rare in species-rich tropical forest (Gentry 1988), species 
accumulation during tropical forest succession depends on infrequent dispersal events of rare 
mature forest species. In highly fragmented landscapes with few intact primary forests, seed 
disperser movement can be limited (McConkey et al. 2012). In our study, the only two secondary 
forest sites with increases in rarified number of species were the two nearest to primary forest, 
perhaps suggesting that seed dispersal to sites farther away was limiting species accumulation.  
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Growth forms and regeneration guilds 
 Magnitude and direction of changes in relative abundances of woody plant growth forms 
and regeneration guilds were very similar in tree plantations and secondary forests. This study is 
the first to examine shifts in functional groups in tree plantations. Direction of changes followed 
our predictions (decreases in understory species and short-lived pioneers; increases in canopy 
species, long-lived pioneers and shade-tolerant species), although change over three years was 
only significant for short- and long-lived pioneers. Similarity between tree plantations and 
secondary forests in these patterns demonstrates their deterministic nature. Directional changes 
in abundance of different growth forms and functional groups are ubiquitous in chronosequence 
and time series studies of secondary succession of tropical forests (Capers et al. 2005, Van 
Breugel et al. 2007, Lebrija-Trejos et al. 2010, Chazdon et al. 2010, Dent et al. 2013). Shrub 
seedling abundance decreases predictably in this region; declining from above 0.5 in 14 year-old 
secondary forests to below 0.1 at 30 years (Capers et al. 2005). Short-lived pioneers reach peaks 
in abundance during the first two decades of succession, whereas long-lived pioneers and mature 
forest species continue to increase (Chazdon et al. 2010, Lebrija-Trejos et al. 2010). Functional 
group composition has been shown to converge with old growth forest over time, even in sites 
where overall species composition is not strongly predicted by forest age (Dent et al. 2013). 
Shifts in functional groups during tropical succession result from differences in demographic 
rates, with early pioneers having higher recruitment and growth rates than mid- to late-
successional species during the first decade, but also higher mortality rates as canopy closure 
occurs (Finegan 1996, Lebrija-Trejos et al. 2010). Our results suggest that demographic rates of 
different functional groups are similar in tree plantation understory and in young secondary 
forests.  
Species Composition 
 Trajectory of species composition of woody plants in ordination space was similar in 
secondary forests and tree plantations. Also, percent changes in abundance of individual species 
were correlated across forest types, indicating similar successional dynamics. Gilman et al. 
(2016) also observed similar successional trajectories in tree plantations and secondary forests 
based on ordination analysis at sites ranging from one to five years old. Several studies of 
tropical secondary forest succession have observed consistent shifts in species composition with 
forest age often leading to increased similarity to primary forest (Peña-Claros 2003, DeWalt et 
al. 2003, Letcher et al. 2009, Lebrija-Trejos et al. 2010), although in some cases composition 
turnover is unpredictable (Dupuy et al. 2012, Dent et al. 2013). The similarity in successional 
trajectory between tree plantations and secondary forests seems to be largely due to similar 
declines in relative abundance of short-lived pioneers, such as the shrub Palicourea guianensis 
and the tree Hampea appendiculata. 
Despite following similar directional changes in species composition of woody plants, 
tree plantations did not appear to move towards convergence with secondary forests. Differences 
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between tree plantations and secondary forests in ordination space and in relative abundance of 
growth forms and regeneration guilds did not decline greatly. This can be explained by the fact 
that species with the largest increases in relative abundance in each forest type were mostly 
species already present in high abundances. Even the species composition of the smallest size 
class (most recent recruits) in tree plantations was different from secondary forests. Although our 
study covered changes over only three years, these results may reflect the importance of priority 
effects and historical events in these sites. Species composition of sites often becomes less 
similar or maintains differences during long-term studies of tropical secondary succession 
(Vandermeer et al. 2004, Capers et al. 2005, Chapter 2) and successional sites retain the legacy 
of initial colonizers for many decades (Van Gemerden et al. 2003, Mesquita et al. 2015). Tree 
plantations may have long-term impacts on species composition of natural regeneration by 
altering the initial recruitment conditions. Propagation within the same site of rapidly 
reproducing shrubs and slow turnover of long-lived species may prevent rapid convergence of 
species composition. 
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CHAPTER 5 
FUNCTIONAL TRAITS OF WOODY VEGETATION IN TREE PLANTATIONS AND 
SECONDARY GROWTH IN COSTA RICAN LOWLANDS 
 
INTRODUCTION 
 Tree plantations have become more common in the tropics over the past decades (Keenan 
et al. 2015) and are sometimes used as an active forest restoration method (Piotto et al. 2003, 
Lamb et al. 2005, Redondo-Brenes 2007). Recent studies have shown that natural regeneration of 
woody plants in tree plantations can differ in species composition from secondary forests (Butler 
et al. 2008, Holl et al. 2017, Chapter 3). However, it is unclear which biotic or abiotic factors are 
causing this difference. Natural regeneration of secondary forests typically begins in pastures 
with little tree cover, whereas in tree plantations woody plants colonize and establish under an 
overstory with little grass cover (Holl et al. 2013, Bizuti et al. 2016). Tree plantations receive 
more seed rain than pastures and more large seeds than young secondary forests (Cole et al. 
2010, Reid et al. 2015), so the composition of arriving species may differ between these two 
habitats. Additionally, differences in abiotic conditions, such as reduced light availability in tree 
plantations, may alter which species are able to establish and grow in tree plantations compared 
to pastures. Functional traits of the plants colonizing in tree plantations and secondary forests 
may help to explain compositional differences. 
Functional traits can be useful tools for evaluating life histories of species in highly 
diverse tropical forests. Plant strategies exist along a spectrum, from fast-growing species which 
acquire and use resources very quickly to slow-growing species which conserve resources and 
are able to tolerate stressful environmental conditions (Reich et al. 2014). These strategies have 
been termed acquisitive, for fast-growing species, and conservative, for slow-growing species 
(Lohbeck et al. 2013). In wet tropical forests the primary stressor is shade and species range from 
light-demanding to shade-tolerant (Kitajima 1994, Hubbell et al. 1999). Among tropical tree 
species, a clear trade-off exists between growth rate in favorable conditions and survival in 
unfavorable conditions (Wright et al. 2010). Both growth and mortality rates at the species level 
are correlated with functional trait values (Poorter et al. 2008, Herault et al. 2011), suggesting 
that traits can predict a species’ position along the strategy continuum.  
Functional traits of several plant tissues reflect variation in plant strategies. Stems with 
high wood density, low vessel conductivity, and high mechanical strength tend to have greater 
survival rates but slower stem growth than stems with low wood density (Chave et al. 2009). 
Also, species with conservative resource strategies tend to have leaves with a large leaf mass per 
area, which measures the amount of dry leaf matter investment per unit of leaf area (Poorter et al. 
2009). High leaf mass per area is correlated with low photosynthetic rates and leaf nutrient 
concentrations per unit of mass, and long leaf lifespan (Wright et al. 2004). Finally, seed size 
represents a trade-off between dispersal and survival. Large-seeded species produce fewer seeds, 
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thus dispersing to fewer sites, but have greater seedling survival, especially in shaded conditions 
(Moles and Westoby 2004, Poorter and Rose 2005).  
Differences in functional traits along environmental gradients can reveal habitat filtering. 
Mean trait values and variance in trait values of tropical forest trees have been shown to vary 
with abiotic conditions (Lebrija-Trejos et al. 2010, Kraft et al. 2008). Also, conservative trait 
values become more common as light availability is reduced during secondary succession 
(Lohbeck et al. 2013, Whitfeld et al. 2014, Lasky et al. 2014). If tree plantations reduce the 
amount of light available to regenerating plants compared to pastures, we would expect species 
with more conservative trait values to establish in tree plantations. 
In this study we examined functional traits of naturally regenerating woody plants in tree 
plantations and secondary forests in which differences in species composition were known. 
These forests were 8-21 years old and woody plants were surveyed over a three year period to 
observed changes in species composition. We calculated the community-weighted mean and 
functional divergence of three functional traits: wood density, leaf mass per area, and seed mass. 
We made the following predictions: 1) community-weighted values of these three traits would be 
higher in tree plantations than in secondary forests; 2) divergence in trait values would be greater 
in secondary forests than tree plantations because we expected habitat in tree plantations to be 
more homogeneous than in secondary forests; 3) community-weighted trait values would 
increase in both forest types over time.  
 
METHODS 
Vegetation censuses and abiotic factors 
The study was carried out at Universidad Earth, Pocora, Limón Province in north-east 
Costa Rica (10°13’9”N, 83°35’29”W, 30-100 m asl). Thirteen 30 x 30 m plots were established 
in 13 monoculture tree plantations (five Vochysia guatemalensis and eight Hieronyma 
alchorneoides) and seven secondary forests. Full site and treatment descriptions can be found in 
Chapter 3. All woody plants ≥2 cm dbh (diameter at breast height) were measured and identified 
to species. Initial censuses were conducted in seventeen plots between May and July 2013, and 
in three plots (two plantations and one secondary forest) in October 2014. A second census was 
performed in fourteen plots between June and July 2016 (three V. guatemalensis, four H. 
alchorneoides, and seven secondary forest plots). The understory vegetation in the other 
plantation plots had been cleared in between the two censuses. During the initial census, tree 
plantations ranged from 8 to 15 years since planting and secondary forests ranged from 11 to 21 
years since pasture abandonment. Tree plantations were planted for carbon sequestration and 
understory plants had been cleared by machete for five five years after planting. 
To measure one aspect of habitat heterogeneity, light availability was measured at nine 
evenly spaced points within each plot in August 2015. PPFD (photosynthetic photon flux 
density, umol m-2 s-1) was measured at each point at a height of 4 m with a light meter 
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composed of 10 separate quantum sensors spaced over a 50 cm line (MQ-301, Apogee, Logan, 
UT, USA), and simultaneously in a nearby clearing. Four replicate measurements, with the light 
meter pointing toward each cardinal direction, were taken at each point. Light availability at each 
point was then calculated as percent of the reference light measurement (% PPFD) averaged 
across the four replicates. The coefficient of variation of % PPFD was calculated across these 
nine points for each plot. 
We also measured abiotic factors in two five-year-old V. guatemalensis plantations and 
two pastures that had been abandoned in the past 3 months. These sites were located near the 
other plots and were chosen to represent conditions during the initial phase of succession. The 
pastures had been abandoned three months prior to these measurements, and grasses were 
between 27-68 cm tall, whereas tree plantations had very little grass and a deep leaf litter layer. 
In each site we established seven 5 x 5 m plots, every 15 m along a 100 m transect. Within each 
plot, % PPFD was measured at 24 different points with the same procedure as in the older plots, 
except measurements were taken at 5 cm above ground level. Soil moisture content was 
measured gravimetrically for three samples collected (depth 0-5 cm) at each plot (Carter and 
Gregorich 1993). 
Functional traits 
Leaf mass area (LMA) was obtained for the most abundant species in our plots for which 
we could obtain sufficient samples. We collected five fully expanded leaves with low levels of 
herbivory and epiphyll cover from five individuals of each species. For tree species we only 
collected sun-exposed leaves, whereas for shrub species we collected both sun and shade-
exposed leaves. Leaves were placed in a plastic bag for transportation to the lab where 
photographs were taken within six hours of each leaf with the petiole removed. Photographs 
were taken directly above flattened leaves. Area of fresh leaves was measured from the 
photograph using the ImageJ software v.1.51g (Rasband 2016). Leaf mass was measured after 
drying at 45°C for five days or until leaves reached constant mass. LMA of each leaf was 
calculated as dry leaf mass (g) / fresh leaf area (m
2
) and species means were calculated. 
Both wood density (WD) and seed mass (SM) of species in our plots were obtained from 
the literature. Wood densities were found primarily in a study of Costa Rican tree species 
(Plourde et al. 2015), and secondarily in the Global Wood Density Database (Chave et al. 2009, 
Zanne et al. 2009). Dry seed masses were obtained from the Seed Information Database (Royal 
Botanical Gardens Kew 2017). Wet seed mass values were used when dry values were not 
available. 
Data analysis 
 For each plot, the community-weighted functional traits (wWD, wLMA and wSM) were 
computed as the average of the functional trait values of the species found in that plot weighted 
by species’ abundances. We also calculated community-weighted traits with species’ basal areas 
as the weights. Unless otherwise noted, wWD, wLMA and wSM refer to abundance weighted 
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traits, since we primarily report these. Seed mass was log transformed before computing 
weighted means. We excluded all planted individuals from these calculations and all subsequent 
analysis. For plots with two censuses we calculated the change in the abundance weighted traits. 
Time between censuses was treated as equal for analysis. To measure functional divergence, the 
index FDvar was used, which is a metric of variance in traits weighted by abundance (Mason et 
al. 2003). Functional divergence is one component of functional diversity and is independent of 
species richness (Mason et al. 2005). This index ranges from zero to one, with higher values 
indicating larger variances from the community-weighted trait mean. FDvar was calculated for 
each plot and each functional trait with abundances from the initial census as weights using the 
fDiversity software (Casanoves et al. 2011).  
Secondary forests and tree plantations in our sites are known to differ in relative 
abundance of different growth forms (understory species: <15 m maximum height; canopy 
species: >15 m maximum height). To take this into account, three versions of functional traits 
metrics (wTraits, FDvar, and change in wTraits) were computed for each plot: using all species, 
only understory species and only canopy species. For wWD only one of these metrics was 
computed (canopy species) because wood density information for understory species was scarce 
(covered only 42.9% of individuals in our plots). Finally, we calculated the wTraits for different 
dbh size classes (2-10 cm and >10 cm) in secondary forests. Only canopy species were used 
since few understory species reached 10 cm dbh. We compared the wTraits of the larger trees 
(>10 cm) in secondary forests to wTraits of canopy species of all sizes (>2 cm dbh) in tree 
plantations. Also, to elucidate compositional differences between forest types we compared the 
log (x+1) abundances of the three most common families of understory species 
(Melastomataceae, Piperaceae and Rubiaceae) in the first census.  
Differences between tree plantations and secondary forests in community-weighted traits 
(initial census), functional divergence (initial census), changes in community-weighted traits, 
and abundances of plant families (log transformed, initial census) were tested using Welch’s t-
tests for unequal variances. This test was chosen because sample size was not balanced across 
treatments (13 tree plantations and seven secondary forests) and variance sizes often differed 
between treatments. All trait variables were approximately normally distributed. We used paired 
t-tests, separately for each forest type, to determine whether there was a significant change in 
community-weighted traits in plots from the initial to the final census. Also, Student’s t-tests 
were used to test for differences between forest types in abiotic variables. 
 To further examine changes over time we calculated the change in abundance of each 
species as log (Nf / Ni). Nf and Ni are the total abundance of a species across all plots of one 
forest type during the initial census (Ni) and the final census (Nf). Linear regressions were used 
to test the correlation between functional trait values and change in species abundance for 
canopy and understory species separately in each forest type. For this analysis the rarest species 
were removed (<8 individuals in both censuses). In one of the regressions a species with a very 
large decline in abundance was an outlier and was excluded.  
50 
 
 Since distance from primary forest has been shown to be related to species composition 
in these plots (Chapter 3), we also tested the effect of this variable on community-weighted 
functional traits during the initial census. Distance to primary forest from the edge of each plot 
was measured using plot coordinates and hand-digitized primary forest areas from 2011 satellite 
imagery, and subsequently ground-truthed. Both multiple regressions with distance and forest 
type as independent variables and simple linear regressions with only distance were conducted 
with community-weighted traits as dependent variables. Reported models do not include the 
interaction between distance and forest type since this term was not significant for any trait. 
 
RESULTS 
General findings 
 Of 111 woody plant species that were identified, we obtained wood density, leaf mass 
area and seed mass of 68, 45 and 59 species respectively. The initial census included 1,668 
naturally regenerating woody plants in 13 tree plantation plots and 1,653 individuals in 7 
secondary forest plots. Wood density values from the literature cover 63.0% of individuals in 
these plots (97.2% of canopy species and 42.9% of understory species). Measured leaf mass area 
values cover 93.1% of individuals (90.6% of canopy species and 94.9% of understory species). 
Seed mass values from the literature cover 84.2% of individuals (86.3% of canopy species and 
83.1% of understory species). 
 Functional traits of species were not correlated with each other (r
2
 <0.07, p >0.12; Table 
D.1). Wood density varied between 0.165 – 0.83 g/cm3, leaf mass area varied between 30.1 – 
98.5 g/m
2
, and seed mass varied between 0.10 – 7,542 mg.  
Tree plantations vs. secondary forests 
 Forest type did not affect the community-weighted wood density (wWD) of naturally 
regenerating canopy species or leaf mass area (wLMA) of canopy, understory, or all species (t-
tests: p >0.18; Fig. 5.1A; see Table D.2 for t-test results).  wWD was 0.385 ± 0.029 g/cm
3
 in tree 
plantations and 0.399 ± 0.047 g/cm
3
 in secondary forests. wLMA including all species was 53.4 
± 3.1 g/m
2
 in tree plantations and 56.2 ± 2.8 g/m
2
 in secondary forests. Mean wLMA of canopy 
species was more than 10 g/m
2
 higher than wLMA of understory species in both forest types. 
wWD and wLMA weighted by basal area also did not differ between forest types (p >0.13; Fig. 
D.1). 
 Community-weighted seed mass (wSM) was significantly larger in tree plantations than 
in secondary forests for all species (t16 = 3.42, p = 0.003; Fig. 5.1A) and for understory species 
(t11 = 3.17, p = 0.009) but not for canopy species (t13 = 0.93, p = 0.37). Mean wSM for understory 
species in tree plantations was 6.29 mg (95% CI: 3.66, 10.8) and in secondary forests was 1.18  
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Figure 5.1. Functional characteristics (± 95% CI) of woody plants in tree plantation plots 
(PL; n = 13) and secondary forest plots (SF; n = 7). (A) Abundance weighted wood density 
(WD), leaf mass area (LMA) and seed mass (SM) using all species, only canopy species and 
only understory species. (B) Functional divergence of traits. (C) Changes in community-
weighted functional traits over 3 years in tree plantations (n = 7) and secondary forests (n = 
7). (*) denotes significant differences between forest types from Welch’s t-tests (p <0.05). 
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mg (0.49, 2.85). wSM of canopy species was more than ten times larger than wSM of understory 
species in both forest types. wSM weighted by basal area of understory species was significantly 
larger in tree plantations than secondary forests (p = 0.01), but not significantly different for all 
species or canopy species (p >0.07; Fig. D.1, Table D.2). 
 In secondary forests wWD, wLMA, and wSM of canopy species in the larger size class 
(>10 cm dbh) tended to be lower than canopy species in the smaller size class (2-10 cm dbh; Fig. 
D.2). wWD, wLMA, and wSM of canopy species of all sizes (>2 cm dbh) in tree plantations did 
not differ significantly from the larger trees (>10 cm dbh) in secondary forests (t-tests, p >0.05, 
Table D.2). 
 Functional divergence (FDvar) tended to be larger in secondary forests than in tree 
plantations for all functional traits (Fig. 5.1B). However, functional divergence was only 
significantly different for SM of all species and SM of canopy species (all species: t16 = 4.07, p 
<0.001; canopy: t18 = 3.11, p = 0.006). 
 The three most common families of understory woody plants, Melastomataceae, 
Piperaceae, and Rubiaceae, accounted for 81.9% of individuals of understory species in 2013. 
Melastomataceae species all had seed masses <0.5 mg and were significantly more abundant in 
secondary forests (56.2 ± 27.6 individuals / plot) than in tree plantations (11.1 ± 7.0; t16 = 4.7, p 
<0.001; Table 5.1). Piperaceae species had seed masses 0.6 – 5.2 mg and were also more 
abundant in secondary forests (43.9 ± 38.0) than in tree plantations (11.1 ± 5.9), but not 
significantly so (t7 = 1.7, p = 0.14). Rubiaceae species had seed masses 8.3 – 210 mg and had 
similar abundances in secondary forests (34.6 ± 23.9) and tree plantations (38.7 ± 14.9; t8 = 0.63, 
p = 0.55).  
Successional trends in functional traits 
 wLMA of all species increased significantly from the initial to the final census in 
secondary forests (+3.3 g/m
2
; paired t6 = 4.4, p = 0.004; Fig. 5.1C) but not in tree plantations 
(+2.0 g/m
2
; paired t6 = 1.5, p = 0.18). Change in wLMA of canopy species in both forest types 
was very small and not significant, but wLMA of understory species increased in both forest 
types (SF: t6 = 4.2, p = 0.006; PL: t6 = 2.7, p = 0.03). Although changes in wWD and wSM over 
the study period were not significant (p >0.13), average change in wood density and seed mass of 
canopy species were positive. Surprisingly, average changes in wSM of understory species were 
negative, although not significant (Fig. 5.1C). Rate of change of community-weighted traits in 
secondary forests was not significantly different than in tree plantations for any trait (p >0.05; 
Table D.2). 
Predicting changes in abundance with functional traits 
 Among canopy species, in both tree plantations and secondary forests, wood density and 
seed mass was positively correlated with increases in abundance over three years (Fig. 5.2A,C). 
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Leaf mass area was not correlated with the change in abundance of canopy species in either 
forest type (Fig. 5.2B).  
The relationship between LMA and change in abundance of understory species was 
positive but nonlinear. Species 30-50 g/m
2
 had a strong positive correlation in both forest types, 
whereas species above 50 g/m
2 
had a weaker but significant relationship in secondary forests and 
no relationship in tree plantations (Fig. 5.2D). Seed mass of understory species was not 
correlated with change in abundance (Fig. 5.2E). 
 
Table 5.1. Notable differences in species composition 
of naturally regenerating woody plants in tree 
plantations (PL) and secondary forests (SF). Mean 
(SD) abundances (individuals/plot) for different 
species, families and ecological categories. 
 SF PL 
Castilla elastica 0.8 (1.9) 9 (14) 
Cecropia obtusifolia 4.6 (1.9) 0.7 (1.1) 
Piperaceae  44 (51) 11 (11) 
Melastomataceae  56 (37) 11 (13) 
Rubiaceae  36 (32) 37 (27) 
Understory species  161 (41) 76 (38) 
Canopy species  74 (23) 58 (30) 
Bat-dispersed species 56 (43) 12 (10) 
 
Abiotic factors 
 Five-year-old Vochysia guatemalensis tree plantations had similar % PPFD (5 cm above 
ground) and soil moisture content as in recently abandoned pastures (% PPFD: t26 = 0.79, p = 
0.43; soil moisture: t26 = 0.89, p = 0.38; Fig. 5.3A, B). Mean % PPFD and soil moisture content 
across all sites was 8.0% and 51.1%, respectively.  
In older secondary forests (11-21 years) the coefficient of variation of % PPFD at 4 m 
was significantly larger than in older tree plantations (8-15 years; t16 = 6.2, p <0.0001; Fig. 5.3C). 
Average minimum % PPFD was similar in secondary forest and tree plantation plots (5% and  
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Figure 5.2. Relationship between change in abundance and functional traits for woody plant 
species found in tree plantations (closed circles, solid lines) and secondary forests (open 
circles, dashed lines). Plots A, B and C show canopy species and plots D and E show 
understory species. Trend lines are shown only when linear regressions were statistically 
significant (p <0.05). Outlier excluded from plot D regression is circled. 
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8%, respectively), whereas average maximum % PPFD was much higher in secondary forests 
than tree plantations (57% and 22%, respectively).  
Landscape effect on functional traits 
 Distance from primary forest ranged from 0.23 to 5.7 km and had a significant negative 
correlation with wWD of canopy species (F1,18 = 4.9, p = 0.039). The slope of this correlation 
was 0.018 g/cm
3
 per km. The effect of forest type on wWD was still not significant when using 
distance as a covariate (Table D.3). Neither wLMA nor wSM of any growth form was correlated 
with distance to primary forest (p >0.11).  
 
 
Figure 5.3. Comparison of abiotic factors (± 95% CI) in tree plantations and abandoned 
pastures. (A-B) Soil moisture and % PPFD (photosynthetic photon flux density, umol m
-2
 s
-1
) 
measured at 5 cm above ground level in 5-year-old tree plantations and recently abandoned 
pastures (n = 14 for both). (C) Coefficient of variation (CV) in % PPFD measured at a height 
of 4 m in 8-15 year-old tree plantations (n = 13) and 11-21 year-old secondary forests (n = 7). 
(*) denotes significant differences between forest types from Student’s t-tests (p <0.05). 
 
DISCUSSION 
Community-weighted functional traits 
In this study we asked whether community-weighted functional traits of secondary 
forests differed from natural regeneration in tree plantations. We did not find consistent results 
across three functional traits or growth forms (understory vs. canopy). We found that seed mass, 
overall and of understory species, was greater in tree plantations than secondary forests, whereas 
wood density, leaf mass area, and seed mass of canopy species did not differ between forest 
types. These results remained largely consistent when using basal area to weight the mean trait 
values and when splitting trees into different size classes.  
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Our results suggest that differences in species composition between tree plantations and 
secondary forests at these sites are more strongly associated with seed mediated trade-offs than 
wood or leaf traits. Among the species in this study, pairwise relationships between traits were 
not strong (r
2
 <0.07), consistent with other studies that have compared wood, leaf and seed traits 
of tropical forest trees (Wright et al. 2010, Baraloto et al. 2010). Seed mass is more likely to 
impact dispersal, germination and seedling growth and survival than later stages of plant life 
cycles (Poorter and Rose 2005). Larger seeds have been shown to be dispersed into tree 
plantations more often than into secondary forests (Reid et al. 2015) likely due to the habitat 
preferences of large, fruit-eating animals. There is also evidence from our sites and others that 
bats are responsible for a larger proportion of seed dispersal in abandoned pastures than in tree 
plantations (Chapter 3, Peña-Domene et al. 2014). Bat-dispersed species (e.g. Piperaceae spp.) at 
our sites are mostly very small seeded (<5 mg). However, it may also be that environmental 
conditions in tree plantations favored large-seeded species. Leaf litter, which makes up most of 
the ground cover in these tree plantations, is known to enhance germination and survival of 
large-seeded species (Dupuy and Chazdon 2008) by reducing seed predation (Cintra 1997). 
Small-seeded species often require direct light to cue germination, and a deep litter layer reduces 
light availability at soil level (Pearson et al. 2002). On the other hand, grasses in pastures have 
been shown to inhibit survival of tree seedlings of both large and small seed sizes (Hooper et al. 
2002). 
The lack of differences in two key functional traits, wood density and leaf mass area, was 
surprising given that once tree seedlings reach above grass height in pastures, high light 
availability would seem to favor light-demanding species more than in tree plantations. These 
results suggest that differences in abiotic factors may not have played an important role in 
altering species composition at stages beyond seedling establishment. Our measurements of soil 
moisture and light at ground level, the height most relevant to seeds and seedlings, demonstrated 
that important abiotic conditions are similar under pasture grasses and in young tree plantations. 
This is consistent with  a study, which found that light, temperature and moisture at ground level, 
under pasture grasses is comparable to primary forest interior (Holl 1999). Also, a scarcity of 
shade-tolerant species overall at these early-successional sites may also explain why forest type 
did not affect wood and leaf traits. The ranges in these two traits were limited, with very few 
species of high WD (2 species >0.7 g/cm
3
) or high LMA (5 species >80 g/m
2
) compared to 
studies of primary forests (Wright et al. 2010). Finally, it may be that tree plantations do not 
substantially inhibit growth of species with fast-growing traits compared to pastures. Our 
measurements of 8 % PPFD in 5-year-old V. guatemalensis plantations are more comparable to 
small light gaps in primary forest (9% PPFD) than under continuous canopy in primary forest (1-
2% PPFD; Chazdon and Fetcher 1984). Early-successional species are often able to colonize in 
tree plantations (Cusack and Montagnini 2004, Zahawi et al. 2013). In our study, the two most 
common canopy species in tree plantation understories were Castilla elastica and Hampea 
appendiculata, species with medium (Hampea: 64 mg) and large (Castilla: 298 mg) seeds, but 
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low WD (Hampea: 0.27; Castilla: 0.32 g/cm
3
) and low LMA (Hampea: 50.3 g/m
2
; Castilla: 39.7 
g/m
2
).  
The tree plantations were on average four years younger than the secondary forests, and 
natural regeneration had been cleared for approximately 5 years following planting. However, 
the largest trees in secondary forests, which represent the earliest colonizers, did not differ in 
wood density or leaf mass area from natural regeneration in tree plantations. These results 
suggest that the overall lack of differences in community-weighted WD and LMA were not due 
to age differences in the regeneration.  
Functional divergence 
 We had predicted that trait divergence would be larger in secondary forests due to greater 
habitat heterogeneity favoring a larger range of successful plant strategies. We found that both 
heterogeneity in light availability and divergence in seed masses, overall and for canopy species, 
were larger in secondary forests than in tree plantations. Secondary forests may provide 
microsite environments in which both small and large seeds are favored. Another study in Costa 
Rica found canopy height, amount of grass cover, and amount of bare ground in tree plantations 
to be more homogeneous than in secondary growth at 5-7 years (Holl et al. 2013). Divergences 
of other traits in our study also tended to be larger in secondary forests but did not differ 
significantly from tree plantations. Our results support concerns that using continuous tree 
plantations for restoration may result in homogenous abiotic conditions and understory plant 
communities (Corbin and Holl 2012).  
Successional shifts in traits 
 Changes in functional traits at the community level were mostly not significant over the 
three years of this study, although, as predicted, overall wLMA and wLMA of understory species 
increased significantly. During early stages of succession, turnover in species composition seems 
to be most strongly related to leaf resource economics, with conservative resource use replacing 
acquisitive strategies. These results are similar to findings by Lohbeck et al. (2013) who found 
that community-weighted leaf traits, but not wood density or seed volume, changed during the 
first 25 years of wet tropical forest succession. However, Whitfeld et al. (2014) found shifts in 
both leaf traits and wood density on longer time scales (>60 years), suggesting that other traits 
may shift over longer time periods. 
 Change in abundance at the species level revealed more relationships with functional 
traits than changes at the community level. Canopy species with larger WD and SM, and 
understory species with larger LMA were increasing more than species with lower values of 
these traits. Succession turnover in species in different growth forms (understory vs canopy 
species) seems to be governed by different trait trade-offs (Santiago and Wright 2006). These 
trends were similar between the two forest types, suggesting that successional dynamics are 
similar in these two forest types (Chapter 4). 
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CHAPTER 6 
CONCLUSIONS 
 
In my dissertation, I investigated the impact of prior land-use intensity and tree 
plantations on secondary succession in tropical forests. Chapter 2 and Chapter 3 demonstrate that 
both factors can impact the species composition of naturally regenerating woody plants. My 
findings also highlight the value of using time series data to evaluate successional pathways. In 
Chapter 2 and Chapter 4, I used time series data to show that distinct plant assemblages do not 
converge during the first three decades of tropical forest succession. This dissertation also 
demonstrates the value of using functional traits and functional groups to explore differences 
between successional plant communities. My findings contribute to our understanding of 
ecological succession and have implications for tropical forest restoration. 
I found that the impact of prior land use on species composition extends beyond the first 
stage of succession. This result suggests that initial floristics and priority effects may be 
important during tropical forest succession. The initial floristics model proposes that many 
species, even mid- and late-successional species, colonize during early stages (Egler 1954). 
Priority effects occur when the identity of the initial colonizers impacts subsequent community 
assembly (Fukami 2015). Either of these models could explain the legacy of land use beyond 
early-successional species. To explain differences in mid-successional species composition, the 
soil seed bank and resprouts following distinct land uses should be investigated. Analysis of the 
seedling layers during the first decade could clarify when mid-successional species, dominant 
after 20 years, colonize. In addition, the impact of abiotic conditions, such as light availability 
and soil conditions, on woody plant recruitment under different land-use histories is unknown. 
Based on my research, land-use history should be considered in efforts to restore tropical 
rain forests. Similarity in species composition between abandoned clearcuts was much lower 
(high beta diversity) than between abandoned pastures (low beta diversity). This result suggests 
that landscapes with more intense land use will lead to a much less heterogeneous secondary 
forest than areas with lower land-use intensity. Previous findings have shown that species density 
(alpha diversity) in abandoned pastures accumulates at much lower rates than in abandoned 
clearcuts. Therefore, areas with an intense prior land use may need to incorporate active 
restoration techniques, such as seed enrichment, to shift successional pathways towards higher 
diversity.  
In the second part of my dissertation, the major finding was that species composition of 
naturally regenerating woody plants in tree plantations differed from secondary forests. Tree 
plantations had lower abundances of pioneer shrubs and bat-dispersed species, and a greater 
community-weighted seed mass than secondary forests. Differences in dispersal vector and seed 
mass perhaps indicate that distinct assemblages resulted from differences in seed dispersal. Also, 
tree plantations caused a shift from short- to long-lived pioneers relative to secondary forests, 
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which supports the hypothesis that tree plantations resulted in woody plant assemblages of later- 
successional stages than secondary forests. However, this shift in species composition was 
limited. Tree plantations and secondary forests had similar abundances of mature forest species 
and similar community-weighted wood density and leaf mass area.   
Species composition of tree plantations was not converging toward secondary forests 
during the second decade of succession. As with the impact of land use, the effect of planted 
trees on species composition was not restricted to the initial colonizers. Lack of convergence in 
species composition again highlights the impact of early colonization on later-successional 
stages. However, I did observe convergence in stem density and basal area, indicating that forest 
structure became more similar. Rates of change in species composition and functional traits did 
not differ between forest types. Similar patterns in different forest types indicate the 
deterministic nature of shifts in functional groups during tropical forest succession. 
Although several results from my dissertation suggest that differences in seed dispersal 
may be driving differences in species composition between tree plantations and secondary 
forests, the contributions of habitat filtering should be considered as well. Studying germination, 
growth and survival in tree plantations and abandoned pastures of species with a range of seed 
sizes would be useful. Another potential difference between tree plantations and secondary 
forests that was not explored in this dissertation was biotic factors such as herbivory and seed 
predation. Also, time series data for tree plantations are needed during later stages of succession, 
such as the stem exclusion phase and the period of planted tree mortality. Data from older tree 
plantations could help determine whether species composition in tree plantations begins to 
resemble primary forest more quickly than secondary forests. 
My dissertation provides valuable information about the conservation and restoration 
value of tree plantations. My findings suggest that monoculture tree plantations with moderate 
levels of management in the landscape support similar levels of diversity as secondary forests of 
similar ages. I also found that these tree plantations catalyze the succession of species 
composition. Therefore, planted forests may have potential as an active restoration measure. 
However, there are several caveats to this conclusion. Shade-tolerant species were as slow to 
colonize in tree plantations as in secondary forests. Recruitment of the mature forest species is 
the largest obstacle towards the recovery of a species composition similar to primary forest. 
Therefore, secondary forests may achieve similar levels of forest recovery for lower cost than 
tree plantations. The planted trees may also have a negative long-term impact on forest 
composition by remaining dominant in the canopy for several decades and preventing species 
turnover. Finally, economic and social considerations usually weigh heavily on land-use 
decisions, and tree plantations may serve as a convenient stepping stone from agriculture to 
forest restoration. 
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APPENDIX A. SUPPLEMENTARY MATERIAL FOR CHAPTER 2 
 
Table A.1.  Results of statistical tests comparing C-C, P-P, 
and C-P similarities (Chao-Jaccard) for three size classes: 
≥10 cm dbh, 3-10 cm dbh and recent recruits into the >3 
cm dbh.  Means are shown in Figure 1.2A.  
Size Class 
Land Uses 
Compared t df p 
≥10cm   C-C vs P-P 6.77 24 0.0001 
 C-C vs C-P 1.94 39 0.15 
 P-P vs C-P 9.68 18 0.0001 
3-10cm C-C vs P-P 6.93 11 0.0001 
 C-C vs C-P 5.78 39 0.0001 
 P-P vs C-P 9.43 10 0.0001 
recruits C-C vs P-P 0.14 18 0.99 
 C-C vs C-P 2.98 10 0.023 
 P-P vs. C-P 3.12 10 0.018 
 
          
        
 
Figure A.1. Map of the abandoned clearcut transects (C) and abandoned pasture transects (V) at 
the BDFFP reserves, north of Manaus, Brazil. This photograph was taken after the clear cutting 
(light areas) of the region and shows the forest matrix (dark areas). Clear cutting began in the 
early 1980s and continued until 1990. 
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Figure A.2. Nonmetric multidimensional scaling (NMDS) plots for trees ≥3 cm dbh in 
abandoned clearcuts (black circles) and abandoned pastures (grey squares). The ordination of 
all years of all transects was generated using Chao-Jaccard similarity index. Each transect is 
connected by a line with the first survey of each transect depicted by a larger circle or square 
and the age of this survey shown in years.  
 
 
 
 
 
 
 
 
 
 
 
78 
 
APPENDIX B. SUPPLEMENTARY MATERIAL FOR CHAPTER 3 
 
Table B.1. Species list with classifications used in analysis. Maximum adult height below 15 
m was classified as understory. Guilds: short-lived pioneers (SLP), long-lived pioneers 
(LLP), shade-tolerant (ST), and unknown (U). Dispersal vectors: wind (W), explosive (E), 
bat (BA), bat and bird (BAB), bird (B), bird and mammal (BM), mammal (M), and 
unknown (U). 
Family Species Code Guild 
Dispersal 
vector 
Growth 
form 
Anacardiaceae Spondias mombin SPOMOM LLP M canopy 
Annonaceae Annona papilionella ANNPAP LLP BM canopy 
 
Cymbopetalum 
costaricense CYMCOS ST U understory 
 Guatteria aeuroginosa GUAAEU LLP BM canopy 
 Guatteria amplifolia GUAAMP ST BM understory 
 Unonopsis hamelii UNOHAM LLP BM canopy 
Araliaceae Dendropanax arboreus DENARB LLP BM canopy 
Asteraceae Vernonanthura patens VERPAT SLP W understory 
Bignoniaceae Jacaranda copaia JACCOP LLP W canopy 
Boraginaceae Cordia  alliadora CORALL LLP W canopy 
 Cordia bicolor CORBIC LLP BM canopy 
 Cordia dwyeri CORDWY LLP BM understory 
 Cordia lucidula CORLUC LLP BM understory 
Burseraceae Bursera simaruba BURSIM LLP BM canopy 
 Protium confusum PROCON LLP B canopy 
 Protium panamense PROPAN LLP BM canopy 
Calophyllaceae 
 
Calophyllum 
brasiliense CALBRA ST BA canopy 
Cannabaceae Celtis schippii CELSCH LLP BA canopy 
Caricaceae Jacaratia dolichuala JACDOL SLP M canopy 
Erythroxylaceae 
 
Erythroxylum 
macrophyllum ERYMAC LLP BM understory 
Euphorbiaceae 
 
Acalypha 
macrostachya ACAMAC SLP E understory 
 
Alchornea 
costaricensis ALCCOS LLP B understory 
 Hura crepitans HURCRE LLP E canopy 
Fabaceae Albizia adinocephala ALBADI LLP M canopy 
 
Dipterix panamensis DIPPAN LLP M canopy 
Gliricidia sepium GLISEP LLP U understory 
 Inga marginata INGMAR LLP M canopy 
 Inga oerstediana INGOER LLP M canopy 
 Inga thibaudiana INGTHI LLP M canopy 
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(Table B.1. continued) 
Family Species Code Guild 
Dispersal 
vector 
Growth 
form 
 
Pentaclethra 
macrolaba PENMAC ST E canopy 
 Senna papillosa SENPAP SLP BA understory 
Hypericaceae Vismia baccifera VISBAC SLP BAB canopy 
Lacistemataceae Lacistema aggregatum LACAGG LLP B understory 
Lamiaceae Aegiphila falcata AEGFAL U B understory 
 Aegiphila panamensis AEGPAN U B understory 
Lauraceae Nectandra reticulata NECRET LLP BM canopy 
 Ocotea cernua OCOCER LLP BM understory 
 Ocotea macropoda OCOMAC LLP BM canopy 
 
Rhodostemonodaphne 
kunthiana RHOKUN LLP BM canopy 
Malpighiaceae Bunchosia macrophylla BUNMAC ST B understory 
Malvaceae Apeiba membranacea APEMEM LLP M canopy 
 
Ceiba pentandra CEIPEN LLP W canopy 
Goethalsia meiantha GOEMEI LLP W canopy 
 
Hampea appendiculata HAMAPP SLP B canopy 
Herrania purpurea HERPUR ST M understory 
 Luehea seemannii LUESEE LLP W canopy 
 Ochroma pyramidale OCHPYR SLP W canopy 
 Pachira aquatica PACAQU LLP M canopy 
 
Quararibea 
asterolepsis QUAAST LLP M canopy 
 
Triumfetta semitriloba TRISEM U U understory 
Melastomataceae Conostegia bracteata CONBRA SLP B understory 
 
Conostegia 
subcrustulata CONSUB SLP B understory 
 Miconia affinis MICAFF SLP B understory 
 Miconia impetiolaris MICIMP SLP B understory 
Meliaceae Cedrela odorata CEDODO LLP W canopy 
 Guarea grandifolia GUAGRA ST BM canopy 
Moraceae Castilla elastica CASELA LLP BM canopy 
 
Ficus insignis FICINS LLP BA canopy 
Ficus tonduzii FICTON LLP BM canopy 
 Sorocea pubivena SORPUB LLP B canopy 
Myristicaceae Otoba novogranatensis OTONOV LLP M canopy 
 Virola sebifera VIRSEB ST BM canopy 
Phyllanthaceae 
 
Hieronyma 
alchorneoides HIEALC LLP BM canopy 
Piperaceae Piper auritum PIPAUR SLP BA understory 
 Piper silvicola PIPSIL SLP BA understory 
 Piper colonense PIPCOL SLP BA understory 
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(Table B.1. continued) 
Family Species Code Guild 
Dispersal 
vector 
Growth 
form 
 
Piper friedrichsthalii PIPFRI SLP BA understory 
Rhizophoraceae Cassipourea elliptica CASELL LLP B understory 
Rubiaceae Alseis costaricensis ALSCOS U U canopy 
 Hamelia patens HAMPAT SLP B understory 
 Palicourea guianensis PALGUI SLP B understory 
 Palicourea hondensis PALHON LLP BM understory 
 Palicourea tetragona PALTET SLP B understory 
 
Pentagonia monocaulis PENMON LLP B understory 
Psychotria brachiata PSYBRA SLP B understory 
 
Psychotria elata PSYELA SLP B understory 
 
Psychotria marginata PSYMAR SLP B understory 
Rutaceae Zanthoxylum eckmanii ZANECK LLP U canopy 
 
Zanthoxylum 
riedelianum ZANRIE LLP B canopy 
Salicaceae Casearia arborea CASARB LLP B canopy 
 Casearia sylvestris CASSYL LLP BM understory 
Sapindaceae Cupania cinerea CUPCIN LLP B canopy 
 Paullinia ingifolia PAUING U U understory 
Simaroubaceae Simarouba amara SIMAMA LLP BM canopy 
Solanaceae Cestrum racemosum CESRAC LLP B understory 
 
Cestrum 
schlechtendalii CESSCH LLP B understory 
 Cuatresia exiguiflora CUAEXI U U understory 
Urticaceae Cecropia insignis CECINS SLP BAB canopy 
 Cecropia obtusifolia CECOBT SLP BAB canopy 
 Urera baccifera UREBAC SLP B understory 
 Urera simplex URESIM SLP B understory 
Vochysiaceae Vochysia 
guatemalensis VOCGUA LLP W canopy 
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Table B.2. Models with lowest AICc for several dependent variables related to the naturally 
regenerating woody vegetation in H. alchorneoides plantations, V. guatemalensis plantations, 
and secondary forests. Second model is shown only if ΔAICc <2. 
 1
st
 model 2
nd
 model 
Dependent 
variable 
Model 
terms F df p 
AIC 
weight 
Model 
terms 
AIC 
weight ΔAICc 
Rarefied richness distance 14.4 1,18 0.001 0.68 
distance 
+ forest 
type 
0.30 1.61 
Abundance of different species categories (individuals / 900 m
2
) 
Understory 
species 
forest type 11.0 2,17 <0.001 0.80    
Canopy species  null    0.63 distance 0.27 1.74 
Short-lived 
pioneer  
forest type 8.3 2.17 0.003 0.48 
distance 
+ forest 
type 
0.39 0.44 
Long-lived 
pioneer  
distance 12.2 1,18 0.003 0.92    
Shade-tolerant  distance 15.6 1,18 <0.001 0.92    
Wind-dispersed null    0.63    
log (Bat-
dispersed) 
forest type 6.6 2,17 0.007 0.52 
distance 
+ forest 
type 
0.43 0.36 
Bat/bird-
dispersed 
forest type 8.4 2,17 0.003 0.83    
Bird-dispersed forest type 3.1 2.17 0.07 0.46 null 0.37 0.40 
Bird/mammal-
dispersed 
distance 17.7 1,18 <0.001 0.66 
distance 
+ forest 
type 
0.30 1.57 
log (Mammal-
dispersed +1) 
distance 7.4 1,18 0.01 0.89    
 
 
 
 
82 
 
Table B.3. Results of ANOVA and Tukey’s HSD post hoc tests for abundances of various 
ecological categories. These tests were only performed when only the independent variable 
forest type was included in the model with the lowest AICc (Table B.2). 
Dependent 
variable 
Mean (95 % CI)  ANOVA  Tukey HSD p value 
SF HA VG  F df p  
SF - 
HA 
SF - 
VG 
HA - 
VG 
Understory 
species 
161.7 
(30.9) 
69.4 
(27.4) 
87.2 
(31.1) 
 11.0 2,17 0.0009  0.0008 0.01 0.71 
Short-lived 
pioneers 
173.9 
(44.4) 
83.3 
(31.6) 
80.4 
(24.8) 
 8.3 2,17 0.003  0.005 0.01 0.99 
Short-lived 
pioneers 
(canopy) 
24.6 
(15.4) 
21.1 
(16.1) 
7.4 
(5.7) 
 1.2 2,17 0.32     
Short-lived 
pioneers 
(understory) 
149.2 
(32.1) 
62.1 
(28.9) 
73.0 
(23.3) 
 10.2 2,17 0.001  0.001 0.01 0.87 
ln (Bat-
dispersed) 
3.77 
(0.60) 
1.74 
(0.82) 
2.23 
(1.17) 
 6.6 2,17 0.007  0.01 0.04 0.93 
Bat/bird-
dispersed 
5.14 
(2.16) 
0.75 
(0.49) 
1.98 
(2.01) 
 8.4 2,17 0.003  0.002 0.04 0.57 
Bird-
dispersed 
128.0 
(28.2) 
83.3 
(28.9) 
79.0 
(32.1) 
 3.1 2,17 0.07     
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APPENDIX C. SUPPLEMENTARY MATERIAL FOR CHAPTER 4 
 
Table C.1. Statistical results of linear regressions between forest age and several 
characteristics of naturally regenerating woody plants in secondary forests and tree 
plantations (n = 7 for both).  
 Secondary forests  Tree plantations 
 βage r
2
 F1,5 p  βage r
2
 F1,5 p 
Species / plot -0.87 0.38 3.0 0.14  1.55 0.41 3.4 0.12 
Richness (rarefied) -0.59 0.35 2.7 0.16  0.72 0.33 2.4 0.18 
Stems / m
2
 0.003 0.06 0.33 0.59  0.008 0.20 1.2 0.31 
Basal area (m
2
/ha) 0.50 0.14 0.78 0.42  0.43 0.10 0.55 0.49 
Understory species 
(relative 
abundance)  
-0.002 0.01 0.10 0.76  0.02 0.22 1.4 0.28 
Canopy species 
(relative 
abundance) 
0.002 0.01 0.10 0.76  -0.02 0.22 1.4 0.28 
Short-lived 
pioneers (relative 
abundance) 
0.003 0.01 0.04 0.85  0.025 0.16 0.98 0.37 
Long-lived 
pioneers (relative 
abundance) 
-0.003 0.02 0.09 0.77  -0.028 0.19 1.2 0.32 
Shade-tolerant 
(relative 
abundance) 
0.0003 0.001 0.007 0.93  0.003 0.11 0.60 0.47 
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Table C.2. Median change over three years of relative abundance of different woody 
plant categories and ordination scores in secondary forest plots (SF; n = 7) and tree 
plantations (PL; n = 7). Statistical results show whether change over three years is 
significantly different from zero (Wilcoxon signed-rank tests) and whether rate of 
change differs between forest types (Mann-Whitney tests). 
 
2013 vs 2016 
 
SF vs PL 
 
Δ in 
SF W p 
 
Δ in PL W p 
 
Z p 
†
Understory -0.019 -20 0.11  -0.23 -20 0.11 
 
0.06 1.00 
Canopy 0.019 20 0.11  0.023 20 0.11 
 
0.06 1.00 
SLP -0.024 -26 0.031*  -0.037 -26 0.031* 
 
0.96 0.38 
LLP 0.015 20 0.11  0.027 24 0.047* 
 
0.70 0.54 
ST 0.014 12 0.059  0.012 20 0.11 
 
0.83 0.46 
Axis 1  0.044 24 0.047*  0.076 16 0.21  0.57 0.62 
Axis 2  -0.007 -2 0.94  0.034 10 0.47  0.70 0.54 
†
 Understory species (<15 m adult height), canopy species (>15 m), short-lived 
pioneers (SLP), long-lived pioneers (LLP), and shade-tolerant species (ST). 
 
 
Table C.3. Species will largest changes in relative abundance in tree plantations (PL) and 
secondary forests (SF). Percent across all plots of that forest type and # of plots is the number of 
plots of that forest type in which that species was found. Bold indicates species in common. 
PL 
 
% of individuals 
 
SF 
 
% of individuals 
Species 
# 
plots 
2013 2016 Δ 
 
Species 
# 
plots 
2013 2016 Δ 
Piper 
colonense 
7 5.15 8.49 3.34 
 
Piper 
colonense 
7 14.2 18.1 3.96 
Palicourea 
tetragona 
4 2.52 4.51 1.99 
 
Miconia 
impetiolaris 
5 13.2 16.9 3.73 
Castilla 
elastica 
6 13.6 15.4 1.77 
 
Miconia affinis 4 6.41 8.22 1.81 
Pentaclethra 
macroloba 
1 2.97 4.69 1.71 
 
Hamelia patens 7 2.30 3.54 1.24 
Psychotria 
brachiata 
7 4.12 5.22 1.10 
 
Guatteria 
amplifolia 
3 0.60 1.62 1.01 
85 
 
(Table C.3. continued) 
PL  % of individuals  SF  % of individuals 
Species 
# 
plots 2013 2016 Δ  Species 
# 
plots 2013 2016 Δ 
Cestrum 
schlechtendalii 
4 2.06 2.92 0.86 
 
Calophyllum 
brasiliense 
4 0.36 0.84 0.48 
Acalypha 
macrostachya 
4 0.46 1.15 0.69 
 
Guarea 
grandifolia 
3 1.21 1.68 0.47 
Inga marginata 2 1.03 1.59 0.56 
 
Cordia 
alliadora 
6 0.73 1.14 0.41 
Protium 
panamense 
1 0.00 0.53 0.53 
 
Trophis 
racemosa 
2 0.00 0.30 0.30 
Cordia 
lucidula 
1 0.23 0.62 0.39 
 
Dipteryx 
panamensis 
5 0.79 1.08 0.29 
Senna 
papillosa 
2 0.57 0.44 -0.13 
 
Ocotea 
macropoda 
3 0.42 0.30 -0.12 
Aegiphila 
falcata 
2 0.46 0.27 -0.19 
 
Ochroma 
pyramidale 
2 0.60 0.42 -0.19 
Inga 
oerstediana 
4 1.60 1.24 -0.36 
 
Cecropia 
obtusifolia 
6 1.94 1.74 -0.20 
Piper 
friedrichsthalii 
2 0.46 0.09 -0.37 
 
Piper auritum 2 0.79 0.00 -0.79 
Cecropia 
obtusifolia 
5 0.92 0.53 -0.38 
 
Conostegia 
subcrustulata 
7 1.57 0.72 -0.85 
Luehea 
seemannii 
4 2.17 1.77 -0.41 
 
Hampea 
appendiculata 
6 7.62 6.72 -0.90 
Conostegia 
subcrustulata 
4 1.26 0.35 -0.90 
 
Piper 
friedrichsthalii 
5 2.60 1.32 -1.28 
Hampea 
appendiculata 
6 10.8 9.64 -1.12 
 
Senna 
papillosa 
5 5.26 3.90 -1.36 
Urera 
baccifera 
5 1.95 0.27 -1.68 
 
Vernonanthura 
patens 
4 2.60 0.00 -2.60 
Palicourea 
guianensis 
5 20.6 7.87 -12.7 
 
Palicourea 
guianensis 
7 13.4 5.76 -7.67 
 
 
 
 
 
86 
 
APPENDIX D. SUPPLEMENTARY MATERIAL FOR CHAPTER 5 
 
Table D.1. Summary of functional traits of woody plants. None of the correlations were 
statistically significant. 
Canopy 
species 
      
Pearson correlation, r (n) 
Function trait # spp. % spp. 
% 
individuals median min. max. leaf mass area seed mass 
Wood density 
(g/cm
3
) 
54 80.6% 97.2% 0.42 0.18 0.83 0.05 (21) 0.26 (36)† 
Leaf mass 
area (g/m
2
) 
23 34.3% 90.6% 61.9 39.7 98.5 
 
0.24 (18) 
Seed mass 
(mg) 
39 58.2% 86.3% 117 0.68 7542 
  
         
Understory 
species       Pearson correlation, r (n) 
Trait 
# spp. % spp. 
% 
individuals median min. max. leaf mass area seed mass 
Wood density 
(g/cm
3
) 
14 31.1% 42.9% 0.54 0.17 0.71 0.05 (21) 0.02 (10) 
Leaf mass 
area (g/m
2
) 
22 48.9% 94.9% 45.7 30.1 91.3 
 
-0.01 (14) 
Seed mass 
(mg) 
20 44.4% 83.1% 10.5 0.01 210 
  
† Dipterix panamensis was removed from correlation because it was a strong outlier and 
influential point. 
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Table D.2. Results of Welch’s t-tests for the difference in 
several functional trait variables of woody plants between tree 
plantations (n = 13) and secondary forests (n = 7). Traits are 
wood density (WD), leaf mass area (LMA), and seed mass 
(SM). Variables are community-weighted traits (by abundance 
or basal area), functional divergence (FDvar), and change in 
abundance weighted traits. 
Dependent variable growth form t df p 
wWD (abundance) canopy  0.48 11 0.63 
wLMA (abundance) all  1.32 17 0.20 
wLMA (abundance) canopy 0.48 18 0.64 
wLMA (abundance) understory 1.41 17 0.18 
wSM (abundance) all  3.42 16 0.003* 
wSM (abundance) canopy 0.93 13 0.37 
wSM (abundance) understory 3.17 11 0.009* 
FDvar (WD) canopy  2.18 8 0.062 
FDvar (LMA) all  0.86 16 0.40 
FDvar (LMA) canopy 0.22 18 0.83 
FDvar (LMA) understory 1.17 12 0.26 
FDvar (SM) all  4.08 16 0.0009* 
FDvar (SM) canopy 3.17 13 0.007* 
FDvar (SM) understory 1.15 14 0.27 
wWD (basal area) canopy  0.68 10 0.51 
wLMA (basal area) all  1.63 12 0.13 
wLMA (basal area) canopy 0.01 17 0.99 
wLMA (basal area) understory 0.66 17 0.52 
wSM (basal area) all  0.90 12 0.38 
wSM (basal area) canopy 1.99 11 0.07 
wSM (basal area) understory 2.94 12 0.01* 
Δ wWD canopy  0.27 12 0.79 
Δ wLMA all  0.82 9 0.43 
Δ wLMA canopy 0.16 11 0.88 
Δ wLMA understory 2.19 11 0.051 
Δ wSM all  0.48 10 0.64 
Δ wSM canopy 0.34 10 0.74 
Δ wSM understory 0.84 11 0.42 
wWD (PL vs SF>10) canopy 0.99 10 0.34 
wLMA (PL vs SF>10) canopy 0.17 18 0.87 
wSM (PL vs SF>10) canopy 2.21 8 0.051 
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Table D.3. Statistics from regressions between distance from primary forest and community-
weighted functional traits. The distance column shows the results of simple linear regressions. 
The distance | forest type column shows the tests for significant effects of distance in the 
multiple regression with forest type as a second independent variable. 
  
distance (km) 
 
distance |  
forest type 
Functional trait growth form βdistance F1,18 p 
 
βdistance t p 
wWD (g/cm
3
) canopy -0.018 4.97 0.039 
 
-0.018 2.1 0.049 
wLMA (g/m
2
) canopy -0.033 <0.001 0.98 
 
0.03 0.02 0.98 
wLMA (g/m
2
) understory -0.001 2.9 0.11 
 
-0.001 1.6 0.13 
wSM (mg) canopy -0.091 0.55 0.46 
 
-0.0001 0.84 0.41 
wSM (mg) understory 0.0001 0.4 0.54 
 
0.083 0.44 0.67 
 
 
Figure D.1. Basal area weighted functional traits (± 95% CI) of naturally regenerating 
woody plants in tree plantations (PL; n = 13) and secondary forests (SF; n = 7). (*) 
denotes significant differences between forest types from Welch’s t-tests (p <0.05).  
 
Figure D.2. Comparison of abundance weighted functional traits (± 95% CI) of canopy 
species in tree plantation plots (n = 13) and different size classes (>10cm dbh and 2-10 
cm dbh) in secondary forest plots (n = 7). Comparisons between PL and SF >10 were not 
significant for any trait (Table D.3). 
0.2
0.25
0.3
0.35
0.4
0.45
PL SF
w
W
D
 (
g
 /
 c
m
3
) 
Canopy 
30
35
40
45
50
55
60
65
70
PL SF PL SF PL SF
w
L
M
A
 (
g
 /
 m
2
) 
All        Canopy   Understory 
PL SF PL SF PL SF
w
S
M
 (
m
g
) 
All          Canopy   Understory 
103 
102 
10 
1 
10-1 
* 
0.2
0.25
0.3
0.35
0.4
0.45
0.5
PL SF
(>10)
SF
(<10)
w
W
D
 (
g
 /
 c
m
3
) 
50
55
60
65
70
PL SF
(>10)
SF
(<10)
w
L
M
A
 (
g
 /
 m
2
) 
0
0.5
1
1.5
2
2.5
PL SF
(>10)
SF
(<10)
w
S
M
 (
m
g
) 
89 
 
APPENDIX E. LETTER OF PERMISSION TO USE PUBLISHED WORK  
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